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General introduction

Tidal wetlands, such as mangroves and marshes, are among the most threatened and vulnerable
ecosystems on Earth, experiencing dramatic loss due to direct anthropogenic impacts, such as
conversion to agricultural land or aquaculture ponds, urbanization, and deforestation (Green
and Short 2003, Duarte et al. 2008, Gedan et al. 2009), and accelerated sea level rise (SLR)
(Craft et al. 2009, Crosby et al. 2016). For instance, during the last century about 25% of the
total global salt-marsh area and up to 50% of the mangrove area have been lost (Mcleod et al.
2011). Furthermore, 20-45% of the current salt-marsh area is predicted to be lost to open water
through accelerated SLR until the end of the century following mean and maximum estimates
of SLR by the Intergovernmental Panel on Climate Change (Craft et al. 2009, IPCC 2013).

At the same time, tidal wetlands provide a wide array of critical ecosystem services,
making them some of the most economically important ecosystems, that are valued at
approximately US$ 10,000 per hectare (Barbier et al. 2011, Kirwan and Megonigal 2013).
Tidal wetlands support coastal fisheries by serving as reproductive habitats and nursery
grounds for juvenile fish (Boesch and Turner 1984, Zimmerman et al. 2000, MacKenzie and
Dionne 2008), and they provide feeding grounds for livestock by sustaining high rates of
primary production (Bakker et al. 2002, Yang et al. 2008, Gedan et al. 2009, Di Bella et al.
2014). Tidal wetlands contribute to coastal protection through wave attenuation and erosion
control via sediment stabilization (Feagin et al. 2009, Moeller et al. 2014). Furthermore, tidal
wetlands purify coastal and riverine waters, retaining pollutants and nutrients (Mitsch and
Gosselink 2010). However, the recently most high-lighted ecosystem service of tidal wetlands
is probably the sequestration of carbon (C) through burial and preservation of organic matter in
soils (Chmura et al. 2003).

The preservation of organic matter in soils is not only relevant for C sequestration, it is
also the primary process for many tidal wetlands to gain elevation and keep pace with rising sea
level (Kirwan and Megonigal 2013). The surface elevation of a tidal wetland system is affected
by the different components of soil volume, namely mineral matter, organic matter, and pore

space. However, due to its lower density, organic matter contributes 2-5 times more to soil



volume than mineral matter of the same mass (Neubauer 2008, Kirwan and Megonigal 2013).
Organic matter preservation or C sequestration is therefore a key ecosystem service that
maintains ecosystem stability and thereby facilitates the collectivity of other ecosystem services
provided by tidal wetlands.

Total annual blue carbon sink burial rates
Estuaries

100

Salt
- 80 marshes

Seagrasses

Mangroves

Figure 1 [A] Total annual C
sequestration in blue C and
associated systems; data from
Cebrian and Duarte (1995) and
Duarte et al. (2005)
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Vegetated coastal ecosystems as hot spots of C sequestration

In the context of climate change mitigation, the UN framework of convention on climate
change (UNFCCC) describes C sequestration as “the process of removing C from the
atmosphere and depositing it in a reservoir” (IPCC 2013). In the same manner, ecosystems can
contribute to climate change mitigation by assimilating CO, from the atmosphere and
transforming it to organic matter that is stored and cycled in biomass, soils, and sediments.
Depending on the residence time of C in the ecosystem — the inverse of the C turnover rate — C
can be removed from the atmosphere and stored and cycled in different organic matter pools of
the ecosystem for periods between hours and millennia (Megonigal et al. 2004, Mcleod et al.
2011). While the C turnover within the biomass pool can be rapid (9 years mean residence time
of C in plant biomass across biomes; Schlesinger 1997), soils and sediments yield the potential
to store C over centuries and millennia (Duarte et al. 2005, Limpens et al. 2008).

The C sequestered in the soils and sediments of marshes, mangroves, and seagrass beds
has been termed “blue C”. These vegetated coastal ecosystems occupy only <0.5% of the
ocean’s surface, however, account for ~50% of the total marine C sequestration (Duarte et al.
2013; Figure 1A). As a comparison, long-term C sequestration (millennial time scale) in blue C
systems is with 84-234 Tg C yr roughly as high as in the entity of terrestrial forest ecosystems
(181 Tg C yr'). On an area basis, long-term C sequestration in blue C systems is >10 times
higher than in terrestrial ecosystems, with marshes and mangroves characterized by the highest
mean sequestration rates of ~220 g C m? yr* (Mcleod et al. 2011; Figure 1B). Tidal wetlands

thereby act as powerful C sinks and exert a strong influence over the global C cycle.

Mechanisms of long-term C sequestration in tidal wetlands

Rates of C sequestration in tidal wetlands exceed those of most other ecosystem types because
slow rates of organic matter decomposition slow down C turnover and co-occur with high rates
of organic matter input through both autochthonous primary production and import of
allochthonous organic matter. Slow C turnover under water-saturated and anoxic conditions
(Freeman et al. 2001, Megonigal et al. 2004) is a feature that tidal and non-tidal wetlands share.
However, in contrast to non-tidal wetlands (i.e. bogs, fens), C sequestration in tidal wetlands is
driven by the constant burial of organic matter through SLR (Bridgham et al. 2006).
Furthermore, tidal wetlands are among the most productive ecosystems on Earth. Net primary
production (NPP) of tidal wetlands is comparable to tropical-rainforest NPP and commonly
exceeds 1000 g C m™ yr* (Duarte and Cebrian 1996, Huston and Wolverton 2009, Duarte et al.



2013). In comparison, average NPP of Sphagnum, the dominant plant species of northern
peatlands, is only ~150 g C m yr* (Gunnarsson 2005; converted from [g dry mass m? yr™],
factor = 0.58).

Additionally to the high rates of autochthonous plant production, organic matter input
into tidal wetlands can be strongly increased by external or allochthonous organic matter
inputs (Middelburg et al. 1997, Bouillon et al. 2003). The proportion of allochthonous vs.
autochthonous contributions to the total organic matter pool varies considerably across sites
and ecosystem types. For instance, organogenic, peat-forming tidal wetland systems (e.g.
Spartina marshes on the US East coast; also marshes of the Baltic Sea) may experience only
negligible inputs of allochthonous organic matter, whereas soil organic matter of minerogenic
systems (e.g. temperate European salt marshes of the Atlantic coast) easily consists of >20%
allochthonous materials (Middelburg et al. 1997, Boschker et al. 1999, Allen 2000).
By sequestering C from both internal and external sources, tidal wetlands provide a C sink

for a larger area than they occupy (Mcleod et al. 2011).

Aerobic vs. anaerobic decomposition in tidal wetland soils
Because oxygen (O,) diffusion in water is almost 10,000 times slower than in air (e.g. Cussler
1984), O, availability for aerobic decomposition is both spatially and temporally variable in
tidal wetland soils and may depend on the mean water-table depth or relative elevation, the
inundation frequency and time, the drainage capacity and porosity of the soil, and the amount
of organic matter input and decomposition rate (Boelter 1969, Seybold et al. 2002, Sundby et
al. 2003, Megonigal and Rabenhorst 2013, Kirwan et al. 2013).

A wide held assumption in wetland ecosystem ecology is that flooding, water-logging,
and consequently anaerobia leads to slow decomposition (Davidson and Janssens 2006).
Clearly, there is abundant evidence to support this notion, including the fact that tidal wetlands
store vast amounts of soil organic matter (SOM) (Chmura et al. 2003, Mcleod et al. 2011), and
the fact that anaerobic conditions can suppress decomposition (Freeman et al. 2001). However,
the difference in decomposition rate between aerobic and anaerobic conditions certainly
depends on a number of other factors, such as availability of alternative (other than O,)
terminal electron acceptors (TEAS) or type and quality of the organic matter. For instance, the
decomposition of lignin, a terrestrial derived, structural, and recalcitrant organic polymer, is
indeed slower and incomplete in the absence of O, (Colberg and Young 1982, Benner et al.

1984, 1985, 1986, Young and Frazer 1987). Marine sediments, however, experience higher



inputs of less structural and recalcitrant organic matter than terrestrial systems. For these
systems, Cowie and Hedges (1993) could show that O, concentrations indeed have little effect
on the decomposition rate of deposited materials. Generally, the decomposition of aged and
relatively recalcitrant organic matter can be several-fold faster under aerobic conditions, while
fresh and more labile organic matter decomposes equally fast in anaerobic and aerobic

conditions (Kristensen et al. 1995, Hulthe et al. 1998).
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Figure 2 Schematic diagram of microbial organic matter decomposition
Modified after Reddy and DeLaune (2008)

Aerobic and anaerobic decomposition share the first and rate-limiting step of
decomposition, which is the degradation of organic polymers by extracellular (exo) enzymes
into dimers or monomers (Figure 2) because larger molecules (>600 Da) cannot be taken up by
the microbial cell (Weiss et al. 1991). The main difference between aerobic and anaerobic
decomposition of organic matter is probably the high energy yield of aerobic metabolism,
which allows single microorganisms to decompose and completely oxidize complex organic
matter to CO,, while this is not possible under anaerobic conditions (Megonigal et al. 2004).
Anaerobic decomposition of organic polymers requires a series of steps conducted by different
and often specialized groups of a larger microbial consortium. The potential free energy of the

original substrate is thereby shared in several steps by several participating organisms during



this syntrophic process. For instance, not all anaerobic microorganisms produce exo-enzymes
to break down organic polymers, and consequently they strongly rely on substrates provided
by other microorganisms during decomposition (Megonigal et al. 2004). After cell uptake
of organic monomers and dimers, primary and secondary fermentation steps often

follow under anaerobic conditions (Figure 2).

Table 1 Thermodynamic sequence for reduction of inorganic
substances as TEAs by organic matter®. Presented are values for the
redox potential of the reactions (Eh in mV) and Gibbs free energy

(AG)
Reaction Eh [mV] AG
Reduction of O,
O,+ 4H™ + 4¢” <=> 2H,0 812 -29.9
Reduction of NO3
2NO; + 6 H" + 66" <=> N, + 3H,0 747 -28.4
Reduction of Mn** to Mn?*
MnO, + 4H" + 2 & <=> Mn** + 2H,0 526 -23.3
Reduction of Fe** to Fe**
Fe(OH); + 3H" + & <=> Fe*" + 3H,0 -47 -10.1
Reduction of SO,* to H,S
SO,* + 10H* + 8 & <=> H,S + 4H,0 -221 -5.9
Reduction of CO, to CH,4
CO,+8H"+8¢e <=>CH, +2H,0 -244 -5.6

a) Units are kcal mol™ e assuming coupling to the oxidation

reaction 1/4 CH,O + ¥ H,0 = ¥ CO, + H" + &. AG = -RT In (K)
at pH 7.0 and 25°C. Source: Schlesinger 1997

Fermentation is an intracellular process that involves organic molecules as both electron
donors and acceptors. Although fermentation yields little energy compared to the final
respiratory steps of anaerobic decomposition (Table 1), it is a crucial part in the total process of
anaerobic organic matter decomposition as the majority of non-fermentative microorganisms
cannot use the initial substrates generated by exo-enzymic break down of polymers. At the
same time, as fermentation is inhibited by its end-products (organic acids and alcohols),
fermenters rely on the consumption of their end-products by non-fermentative microorganisms
(Hansson and Molin 1981, Megonigal et al. 2004). During the final steps of organic matter

decomposition, electrons are shuttled from an electron donor (organic matter) to a TEA. When



O, as TEA is not available, decomposition relies on anaerobic microbial metabolism and
alternative TEAs (Table 1).

Alternative TEAs are abundant in tidal wetland soils; however, depending on the
chemical species that are available as alternative TEAs, the energy yield of anaerobic
metabolism is considerably lower than that of aerobic metabolism (Table 1). The energy yield
of a reaction is determined by the affinity of a TEA to acquire electrons (and thus get reduced)
and is reflected in the redox potential, which describes the balance between abundance and
strength of electron donors and electron acceptors (Eh; Table 1). While nitrate reduction can
provide a similar energy yield than O, reduction, the reduction of other relatively abundant
TEAs provides considerably less energy and declines in the order of manganic manganese
(Mn1V) reduction, > ferric iron (Felll) reduction, > sulfate reduction, and > carbon dioxide
reduction (Table 1).

Source

Figure 3 Tidal marsh CH,4emissions versus salinity.
The curve is a linear fit of salinity against log-
transformed CH, emission data with 95%
confidence intervals (fine dashed lines). The
horizontal gray band represents the CH4; emission
equivalents of the 5 and 95% quantiles of tidal
marsh carbon sequestration rates reported by
Chmura et al. (2003); the horizontal dashed lines
are the 25 and 75% quantiles of this data set (CH,4

20 30 40 equivalence based on a global warming potential of
Salinity 25) Source: Poffenbarger et al. (2011)

Log of methane flux (g m? yr')

The availability and abundance of alternative TEAs strongly affects the energy flow in tidal
wetland soils, at the same time, however, it also has a strong influence on the production of
greenhouse gases (GHGs), thereby affecting the net ecosystem effect on radiative forcing. For
instance, stepwise anaerobic nitrate (NOs) reduction to molecular nitrogen can leak nitrous
oxide (N0), a powerful GHG with a global-warming potential (GWP) over 100 years of 263-
times that of CO, (Neubauer and Megonigal 2015). In turn, the availability of sulfate (SO4%),
which has a high abundance in seawater, can efficiently suppress the production of the strong
GHG methane (CH,) in brackish and saline tidal wetland systems. Because sulfate reduction is

energetically more favorable than methanogenesis (Table 1), mathanogens are outcompeted



when sulfate concentrations are high enough. In fact, from a GWP perspective, the salinity of a
tidal wetland (as proxy for sulfate availability) allows to estimate whether a system acts as a net
sink or a net source for GHGs (Figure 3). Based on the CH;-CO, balance of tidal marshes,
Poffenbarger et al. (2011) suggest that systems with a porewater salinity >18 are likely to act as
net GHG sinks, systems with salinity of 10-18 either act as net sink or source of GHGs, and
systems with a salinity <10 often act as net GHG sources despite high rates of CO, uptake and
sequestration.

Plant controls on decomposition processes

Primary producers naturally affect decomposition by supplying the microbial substrate as litter
or rhizodeposits, such as root exudates. For instance, nitrogen and lignin contents of plant litter
can exert strong control over decomposition rate across terrestrial ecosystems (Prescott 2010)
and in tidal wetlands (Hemminga and Buth 1991). A related point is the tight temporal coupling
between assimilation, root exudation, and CH,; production in wetland soils (Minoda and
Kimura 1994, Megonigal et al. 1999, 2004).

However, besides determining the quality and quantity of the organic matter input as
microbial substrate, certain plant-physiological and morphological traits can also affect the
decomposition of other organic matter pools such as SOM. Plants deliver labile organic
compounds to the rhizosphere, where they stimulate microbial activity and lead to accelerated
mineralization of recalcitrant SOM, a phenomenon known as rhizosphere priming effect, or
short: priming (Blagodatskaya and Kuzyakov 2008). Besides positive priming effects, SOM
decomposition can also be reduced in the rhizosphere and lead to negative priming. This can be
induced by preferential microbial utilization of the rhizodeposits without stimulating also the
mineralization of SOM (Kuzyakov 2002). While substrate-induced (positive) priming is a well-
established concept in terrestrial systems, the few studies on plant stimulation of SOM
decomposition in wetland systems are focused on the effects of greater TEA availability inside
vs. outside rhizospheres. Vascular wetland plants can support microbial respiration in their
rhizosphere by supplying TEAs via root oxygen loss (ROL) to water-saturated and otherwise

anaerobic soil environments (Figure 4).
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Figure 4 Spatial variation of Oy, pH, and pCO> around a single root of Spartina
anglica. Oxygen release, CO, enhancement, and pH decline is clearly visible in
the vicinity of the root. Optode images of the spatial distribution of O, pH, and
pCO2 in a 4x4 cm area around a single root. Position of root (photo) may change
slightly between optode images due to root growth and movement during
exchange of optode foils. Measurements were conducted using a novel planar-
optode system (VisiSens TD; PreSens, Precision Sensing GmbH, Regensburg,
Germany). The VisiSens TD system is a ratiometric fluorescence imaging-based
optode system with integrated hardware for image acquisition and software
(VisiSens Analytical) for image processing.

K. Koop-Jakobsen and P. Mueller, in prep.

Global change and land use effects on C turnover in tidal wetlands: thesis outline

Organic matter production and decomposition are the two most important factors determining
the rate at which C accumulates in tidal wetlands (Kirwan et al. 2013), and changes in
their balance will determine the net effect of global change on C sequestration. Global
changes, such as increasing temperatures and atmospheric CO, concentrations,
eutrophication, land use, encroachment of invasive species, and accelerated SLR, are
expected to influence decomposition processes and C turnover in tidal wetland soils with

potentially strong feedbacks on ecosystem stability (Kirwan and Megonigal 2013).

11



In the following, 1 will address the effects of numerous global change factors on
decomposition processes and C turnover in tidal wetlands. Besides studying direct effects of the
different global changes on such processes, | am particularly interested in plant mediated and
thus indirect effects. Plant-mediated effects on ecosystem functions are often governed by
specific plant traits, such as quality or quantity of primary production, biomass allocation,
root morphology and depth, and vegetation structure (Cornwell et al. 2008, Lavorel 2013,
Moeller et al. 2014). Although plant-mediated global change effects on ecosystem
functions are often difficult to assess, recent studies with implications to tidal wetland stability
(Kirwan and Megonigal 2013) and C turnover (Wolf et al. 2007, Mozdzer and Megonigal 2013,
Bernal et al. 2017) have taught us that often these indirect effects are critical to understand the

net effect of change. Therefore, the central hypothesis of my work is that plant-trait responses to

global change are the main drivers of change in C turnover and GHG fluxes from tidal wetland

soils.

The main part of the work presented here was conducted in brackish marsh systems of
the Chesapeake Bay, US East coast (Chapters 2 and 3) and in the salt marshes of the European
Wadden Sea (Chapters 4 and 5). In chapter 2, | assess the potential of a deep rooting and
highly productive invasive plant species to change CH,4 emissions from a brackish marsh and
discuss implications on the net GHG balance of the ecosystem. In chapter 3, | present findings
on direct and plant-mediated effects of accelerated SLR on SOM decomposition in brackish
marshes. In chapter 4, | describe the C-sequestration potential of artificial salt marshes
along the German mainland coast, and | illustrate the importance to track soil C
turnover over decades in order to avoid overestimation of long-term C sequestration. In
chapter 5, | focus on land-use effects on C turnover by describing the direct and plant-
mediated effects of livestock grazing on the microbial function and structure in salt marsh soils.
Concluding in chapter 6, | present the results of a global-scale comparison of litter
decomposition and stabilization rates in 25 marsh and mangrove sites, stretching a
large temperature gradient, in order to improve our process understanding of temperature

and sea level effects on C turnover.
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Complex invader-ecosystem interactions and seasonality mediate

the impact of non-native Phragmites on CH, emissions

Published in Biological Invasions (2016)

Peter Mueller*, Rachel N. Hager*, Justin E. Meschter, Thomas J. Mozdzer, J. Adam Langley,

Kai Jensen, and J. Patrick Megonigal

*first two authors contributed equally to the manuscript

Abstract

Invasive plants can influence ecosystem processes such as greenhouse gas (GHG) emissions
from wetland systems directly through plant-mediated transfer of GHG to the atmosphere or
through indirect modification of the environment. However, patterns of plant invasion often
covary with other environmental gradients, so attributing ecosystem effects to invasion can be
difficult in observational studies. Here, we assessed the impact of Phragmites australis
invasion into native shortgrass communities on CH,; emissions by conducting field
measurements of CH,4 emissions along transects of invasion by Phragmites in two neighboring
brackish marsh sites and compared these findings to those from a field-based mesocosm
experiment. We found remarkable differences in CH, emissions and the influence of
Phragmites on CH,4 emissions between the two neighboring marsh sites. While Phragmites
consistently increased CH, emissions dramatically by 10.4 + 3.7 umol m? min™ (mean * SE)
in our high-porewater CH, site, increases in CH4 emissions were much smaller (1.4 = 0.5 pumol
m? min™?) and rarely significant in our low-porewater CH, site. While CH, emissions in
Phragmites-invaded zones of both marsh sites increased significantly, the presence of
Phragmites did not alter emissions in a complementary mesocosm experiment. Seasonality and
changes in temperature and light availability caused contrasting responses of CH,4 emissions
from Phragmites versus native zones. Our data suggest that Phragmites-mediated CH,
emissions are particularly profound in soils with innately high rates of CH,4 production. We
demonstrate that the effects of invasive species on ecosystem processes such as GHG emissions
may be predictable qualitatively but highly variable quantitatively. Therefore, generalizations
cannot be made with respect to invader-ecosystem processes, as interactions between the
invader and local abiotic conditions that vary on the order of meters in wetland ecosystems can
have a stronger impact on GHG emissions than the invader itself.
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Introduction

Wetland ecosystems as landscape sinks are thought to be particularly susceptible to plant
invasions (Zedler and Kercher 2004). Invasive wetland plants often form monocultures with
cascading consequences for wetland biodiversity, food webs, biogeochemistry, and entire
habitat structure (Zedler and Kercher 2004). Given the increasingly recognized function of tidal
wetlands as a long-term carbon sink (Duarte et al. 2005, Mcleod et al. 2011), there is a growing
body of research focused on the impact of invasive species on tidal wetland carbon
sequestration and greenhouse gas (GHG) emissions, particularly with respect to changes in the
balance of sequestration and methane (CH,) emissions (e.g. Valéry et al. 2004, Emery and
Fulweiler 2014, Yuan et al. 2015). Under anoxic conditions and depending on the availability
of alternative electron acceptors (e.g. nitrate, iron, or sulfate) large amounts of GHGs such
as CH, and nitrous oxide can be produced in tidal wetland soils. Previous work has shown
that particularly CH,4 emissions have the potential to offset even high rates of carbon
sequestration in low salinity systems that experience low inputs of sulfate through
seawater intrusion (Poffenbarger et al. 2011). Besides the availability of electron acceptors,
also plant activity and certain plant traits (like aerenchyma formation) can greatly influence
methane emissions by affecting the three processes that contribute to net CH4 emissions:
microbial CH,4 production, microbial CH, oxidation, and plant-supported ventilation of CH,4
directly to the atmosphere, bypassing soil surface CH,4 oxidation (Armstrong et al. 1996,
Colmer 2003, Sutton-Grier and Megonigal 2011).

Perhaps the most comprehensive research on the impact of an invasive wetland species
on GHG emissions comes from the invasion of non-native Spartina alterniflora in East Chinese
coastal wetlands where native plant communities are dominated by Phragmites australis,
Suaeda salsa, or Scirpus mariqueter. Here, in situ closed-chamber quantification of CH,
emissions (Tong et al. 2012, Yuan et al. 2015) and mesocosm experiments (Cheng et al. 2007,
Zhang et al. 2010) suggest S. alterniflora invasion increases CH4 emissions in comparison to
the native community.

North American wetlands have been rapidly invaded by a non-native lineage of the
common reed, P. australis (hereafter Phragmites). In tidal wetlands, the introduced Eurasian
lineage outcompetes the native lineage (Mozdzer and Zieman 2010, Mozdzer et al. 2013),
increases CH,4 emissions (Mozdzer and Megonigal 2013), and also expands into historically
novel habitats (Chambers et al. 1999). Examples of native plant communities susceptible to

Phragmites invasion in North America are high marshes dominated by Spartina patens
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(Chambers et al. 1999, Windham and Lathrop 1999, Mozdzer et al. 2013), low marshes
dominated by Spartina alterniflora (Chambers et al. 1998), and brackish marshes dominated by
Schoenoplectus americanus (McCormick et al. 2010). Replacement of native communities by
Phragmites results in altered soil properties (redox potential, nitrogen pools), porewater
chemistry (salinity, nitrogen fluxes), and biomass production (Chambers et al. 1998, Windham
and Lathrop 1999, Windham-Myers 2005, Mozdzer et al. 2010). Recent studies comparing in
situ emissions of CH,4 from different native communities and Phragmites in North America
have reported contrasting outcomes: Emery and Fulweiler (2014) found no differences in CH,4
emissions from low marsh Spartina alterniflora and Phragmites stands in a New England salt
marsh, while Martin and Moseman-Valtierra (2015) found consistently higher CH, emissions
from Phragmites stands compared to S. patens-dominated high marsh communities in three
New England tidal marshes along a salinity gradient.

Previous studies that investigated invader-ecosystem effects on GHG emissions have
generally used the approach of space-for-time substitution which assumes that areas supporting
invasive species would be ecologically and biogeochemically identical to areas that presently
support native communities if they had not been invaded. Although this approach is insightful,
knowledge of the effect of invasion on GHG emissions (and other processes) is limited by the
fact that conclusions drawn from field measurements are rarely coupled to experimental
support.

Invasive-species establishment commonly requires distinct environmental conditions
within an ecosystem, e.g. low-salinity or high-elevation environments as suggested for the
establishment of Phragmites (Bart et al. 2006, Mozdzer et al. 2016). Patterns of invasion are
likely to follow gradients in environmental variables like salinity, elevation, and flooding
frequency that have an impact on GHG emissions irrespective of the dominant plant
community (Megonigal et al. 2004, Poffenbarger et al. 2011, Olsson et al. 2015). Furthermore,
contrasts between sites in spatial patterns of invasion, establishment histories (Bart et al. 2006),
or pre-invasion biogeochemical cycles may result in different responses of GHG emissions
upon invasion. In order to develop conceptual models that explain invasion effects
on GHG emissions, it is necessary to assess the extent to which we can generalize across
study sites.

In this study, we assess the impact of Phragmites invasion on CH, emissions using a
space-for-time substitution approach along transects of invasion by Phragmites. We conducted

the study in two neighboring Chesapeake Bay brackish marsh sites that differ in geomorphic
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setting, porewater chemistry, invasion history, and Phragmites stature, assuming that these
differences will indicate the extent to which our results can be generalized. Finally, we compare
our field results to those from a field-based mesocosm experiment in order to isolate the factors
that influence Phragmites-driven changes in CH, emission from other invasion-independent

factors that may co-occur along natural transects of Phragmites invasion.

Material and methods

Field study

The field study was conducted in two Phragmites-invaded brackish tidal wetland systems, Fox
Creek Marsh and Kirkpatrick Marsh, home to the Smithsonian Global Change Research
Wetland (GCREW) operated by the Smithsonian Environmental Research Center (38°53'N,
76.33'W) in Edgewater, Maryland, USA. The study took place between June 2013 and October
2014. Both sites are located within the Rhode River, a sub-estuary of the Chesapeake Bay, but
are separated by the Muddy Creek and a distance of approximately 800 m. These sites were
selected based on aerial photos and remote sensing (unpublished data) that indicated they were
uniformly covered by native grasses (dominated by S. patens with small contributions of
Distichlis spicata, Panicum virgatum, and S. americanus) and lva frutescens until at least 1972.
However, these two sites differ with respect to mechanisms of Phragmites establishment and
therefore represent different invasion patterns: At Fox Creek Marsh, Phragmites first
established at the wetland-upland interface and has been spreading towards the marsh edge. In
contrast, at the Kirkpatrick Marsh, Phragmites established on the creek bank and has been
spreading along the marsh edge and toward the marsh interior. In both sites, three vegetation
zones representing different stages of invasion by Phragmites were classified: (1) a dense,
monotypic Phragmites stand, (2) a mixed zone of native grasses (>90% cover) and few clonally
integrated shoots of Phragmites (approx. 10 per plot), and (3) a native zone dominated by S.
patens. Replicated 50 x 50 cm aluminum collars (n = 4) were inserted 20 cm into the soil
surface in each of the three zones at each site, and small boardwalks were installed to minimize
disturbances during repeated sampling over two years.

CHs-flux measurements
To examine the effect of Phragmites invasion on CH4 emissions, CH, fluxes in Phragmites-,
mixed-, and native-vegetation zones were measured approximately monthly between June and

October of 2013 and 2014 (Figure 1) using closed chambers. Measurements were conducted
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during day light under non-inundated conditions. As the main focus of this work is the relative
comparison of CH,4 emissions between different vegetation zones and sites, we used an easily
replicable closed-chamber design without temperature control. Depending onvegetation zone
and site, absolute values of CH4 emission presented here may be overestimated and should
therefore be interpreted with caution (see “Results” for detail). Flux chambers were constructed
of an aluminum frame and covered with transparent polyester film (Melinex 071, ICI, DE,
USA) with topside sampling tubing from which to extract gas samples. Chambers were
equipped with thermometers on the inside to record chamber-temperature development during
measurements. Chamber volumes were manipulated to accommodate the three vegetation-zone
heights by using stackable 70 and 120 cm sections, resulting in a chamber headspace between
200 to 1025 L. During each flux measurement, 20 ml gas samples were collected from the
chamber headspace every 30 min for 2 h and transferred to 12 mL gas sampling vials (Labco
Ltd, High Wycombe, UK). Gas samples were analyzed on a Shimadzu GC-14A gas
chromatograph equipped with a flame ionization detector (Shimadzu Corporation, Kyoto,
Japan) during measurements 1-3 in 2013; all subsequent gas analyses were performed on a
Varian 450 gas chromatograph (Agilent Technologies, Santa Clara, CA, USA). CH, fluxes
were calculated by linear regression analysis of the change in headspace gas concentration in
the chamber versus time following the ideal gas law, assuming ambient pressure and chamber
temperature at a given measuring point. Only fluxes with r* > 0.80 were used (applied to >95%
of measurements). Annual CH,4 emissions for each experimental unit were calculated by linear
interpolation between emission of single sampling dates and integrating those over time.
Annual CH4 emissions are likely overestimated because measurements were only conducted
during daytime (van der Nat et al. 1998) and no flux measurements were conducted during
winter and early growing season (Nov-May) when CH, emissions were presumably lower.

Solar radiation and air temperature data corresponding to the dates and times of our
field measurements were acquired from a nearby (<2 km) meteorological tower (Photobiology
and Solar Radiation Lab, SERC, MD, USA) on the campus of the Smithsonian Environmental
Research Center. Solar radiation (W/m?) was measured using an Eppley model PSP precision
spectral pyrometer (The Eppeley Lab, Inc., New Port, RI, USA) which measures radiation from
285 to 2800 nm. Temperature was measured with a Vaisala HMP45AC probe (Vaisala,
Helsinki, Finland).
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Biomass assessment

Biomass was assessed in order to characterize differences in biomass between sites and
vegetation zones that have previously been shown to influence CH4 emissions (e.g. Mozdzer
and Megonigal 2013). In June, August, and October 2014, we measured the density and height
of Phragmites ramets within the Phragmites-zone flux collars. Phragmites biomass within the
flux collars was estimated with an exponential allometric equation derived from 30 plants
collected from outside the collars in June and August, corresponding to the gas flux sampling
dates (June: y=0.6318e%%"™: R?=0.945, August: y=1.0596e%%*%*: R?= 0.948). In October
2014, Phragmites biomass and dead standing mass was estimated using the August allometric
equation. Native vegetation biomass was assessed sampling three replicate clip plots (100 cm?)
within each collar. Samples were separated into dead and live material, dried to constant weight
at 60°C, and weighed.

Porewater analyses

To evaluate the influence of porewater chemistry on CH, emissions, porewater was extracted
from 30 cm below the soil surface at both sites in all three vegetation zones (n = 5) using
“sipper” wells (Keller et al. 2009). To directly compare the two sites, porewater for the
different analyses (described below) was always sampled at low tide and within a 2-h period at
both sites in all three vegetation zones. On 13 July 2013 porewater was extracted for dissolved
sulfide, dissolved CH,, and salinity analyses. Sulfide and dissolved CH, were analyzed within
4 h of sampling following Keller et al. (2012). Briefly, 3 mL of porewater were added to 3 mL
of sulfide antioxidant buffer, and the solution was measured with an ion-selective electrode
connected to a millivolt meter (ORION Research, Beverly, MA, USA). For dissolved CH,4
analysis, 15 mL of porewater was stripped by introducing a headspace of 15 mL of ambient air
and vigorously shaking the syringe for 30 s. The water was then expelled and the the 15 mL
headspace was analyzed for CH,4 using a Shimadzu GC-14A gas chromatograph equipped with
a flame ionization detector (Shimadzu Corporation, Kyoto, Japan). Porewater salinity was
measured using a hand-held refractometer. On 22 October 2015, porewater was extracted for
sulfate and chloride analyses, following Keller et al. (2009). Porewater samples were fixed with
5% zinc acetate and filtered through preleached syringe filters (0.45 um). Filtered samples were
measured for SO,% and CI on a Dionex 1CS-2000 RFIC ion chromatography system (Dionex
Corporation, Sunnyvale, CA, USA) with an auto sampler. Sulfate depletion was calculated
based on the porewater SO,*:Cl ratio (Keller et al. 2009).
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Mesocosm experiment

In order to isolate Phragmites-driven changes in CH,; emission from other invasion-
independent factors, CH, emissions were also measured on mesocosms situated in a tidal creek
of Kirkpatrick Marsh that were planted with Phragmites and native vegetation. The design of
the mesocosm experiment has previously been described in Langley et al. (2013) and Mozdzer
et al. (2016). The mesocosm experiment was originally designed to assess effects of elevation
relative to the marsh platform (as a proxy for relative sea level) and treatments of elevated CO,
and nitrogen (N) fertilization on plant growth. All plants used in this experiment were planted
in spring 2010 into 70 cm-deep mesocosms constructed from 10 cm-diameter PVC, filled with
commercial sedge peat (Baccto, Michigan Peat Company, Houston, TX, USA). For the purpose
of this study, we only compared CH,4 emissions between Phragmites- and S. patens-dominated
mesocosms set at the highest relative elevation (reference marsh platform (GCREW) +35 cm),
which matches best the species composition in the native zones of our two high marsh field
sites. For the comparison of CH,; emissions between native- and Phragmites-planted
mesocosms, we evaluated CH, emissions in the mesocosms grown at ambient CO, and N only
(n = 4). After two seasons of growth, CH,4 flux measurements were conducted in July 2011.
Mesocosms were removed from the tidal creek and placed into 120 L containers filled with
tidal creek water corresponding to the mean water level of the respective elevation treatment
and left to equilibrate overnight. Clear acrylic chambers (10.2 cm i.d. acrylic tube) were put
onto the mesocosms and sealed with a rubber fitting. Headspace gas samples were taken every
20 min over a period of 2 h and analyzed for CH,4 on a Varian 450 gas chromatograph (Agilent
Technologies, Santa Clara, CA, USA).

To assess the impact of light on CH4 emissions, the clear flux chambers were covered in
aluminum foil and measurements were made in the dark. The effect of the presence or absence
of light was tested on four S. patens-dominated mesocosms from the highest elevation (two of
which were ambient CO,/ambient N treatments and two of which were ambient CO,/N
fertilized treatments), and on four Phragmites-planted mesocosms, all of which were ambient
COj/ambient N treatments. Our N treatment did not influence CH,; emissions from native

mesocosms (unpublished data).

Statistical analyses
Factorial repeated measures ANOVAs were used to test for effects of site, vegetation zone, and

time on CH,4 emissions and to test for effects of site and time on Phragmites biomass. Factorial
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ANOVAs were conducted to test for effects of vegetation zone and site on October 2014
biomass (biomass and dead standing mass), and on porewater CH,, sulfide, sulfate, sulfate
depletion, and salinity. One-way ANOVA was used to test for the effect of vegetation type on
CH,4 emission from the experimental mesocoms. Tukey’s HSD tests were conducted for
pairwise comparisons, and data were log-transformed if Levene’s test indicated heterogeneous
variance (in situ CH, emission, porewater CH,4, and porewater sulfide data). A two-tailed,
paired t-test was used to test for a light/dark effect on CH4 emissions from the experimental
mesocosms. To test for the effect of radiation and temperature on CH4 emissions from the
different vegetation zones and sites, the Homogeneity-of-Slopes GLM procedure was
conducted. Linear and non-linear regression was used to further explore significant relations
between radiation and CH, flux. Statistical analyses were conducted in STATISTCA 10,
(StatSoft Inc., Tulsa, OK, USA).

Results

In situ CH, emissions

CH, emissions significantly differed between Fox Creek and Kirkpatrick Marsh (p <
0.01). Emissions were an order of magnitude greater from the Phragmites zone of Fox Creek
versus Kirkpatrick Marsh (p < 0.01; Figure 1). However, there were no significant differences
in CH,4 emissions between the sites when comparing the mixed- and the native zones (p >
0.1 and p > 0.4, respectively). CH4 emissions were higher from Phragmites versus native
zones in both sites (Figure 1). However, this difference in CH,4 emissions in the Phragmites
versus native zones was far greater at Fox Creek Marsh than Kirkpatrick Marsh (Figure 1):
At Fox Creek Marsh, CH,4 emissions varied significantly between vegetation zones with
emissions from the Phragmites stand often exceeding those from the mixed and the native
zone by an order of magnitude (p < 0.001; Figure 1). CH,4 emissions from the Phragmites
zone were significantly greater every sampling date except June of 2013, whereas CH,
emissions from the mixed zone were significantly higher than from the native zone only at
three sampling dates (Figure 1). In contrast, at Kirkpatrick Marsh, although CH, emissions
were also higher in the Phragmites zone, this effect of Phragmites was only significant at

one sampling date (October 2014; Figure 1).

Sampling date had a significant effect on CH4 emissions from both marsh sites
(p <0.001), and was significantly more pronounced for CH4 emissions from the Phragmites

zones of both sites (p < 0.001; Figure 1).The Homogeneity-of-Slopes (HOS) model indicated
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that solar radiation had a significant effect on CH,4 emissions (p < 0.05) which differed between
vegetation zones (zone x radiation, p < 0.05), but did not differ between sites (site x radiation, p
> (.8; site x zone x radiation, p > 0.1). Solar radiation significantly increased CH, flux from
Phragmites zones (exponential Rz = 0.425; p <0.001), but had no effect on CHy flux from the
mixed zones (p > 0.05) and the native zones (p > 0.4) of both sites. Also chamber temperature
had a significant effect on CH4 emissions (p < 0.001) which differed between vegetation zones
(zone x temperature, p < 0.001) and also between sites (site x temperature, p <0.001; site x zone
X temperature, p < 0.001). Chamber temperature increased CH, flux from the Phragmites zone
(exponential Rz = 0.709; p < 0.001) and the mixed zone (exponential R2 = 0.589; p < 0.001) of
Fox Creek Marsh, but neither influenced CH, flux from the native zone of Fox Creek Marsh (p >
0.8), nor CH, emissons from any vegetation zone of Kirkpatrick Marsh (all p > 0.2).

Chamber temperature was significantly correlated with radiation (R? = 0.577; p < 0.001)
and weakly but still significantly correlated with outside temperature as acquired from the
meteorological tower (R? = 0.062; p < 0.01). At most sampling dates, temperature was
considerably higher than outside temperature (AT = 8.8 £ 0.7 K) than outside of the chambers.
However, differently sized chambers, as used for the three vegetation zones, showed no
significant difference in AT (p > 0.4).

Table 1 Aboveground biomass (g m™) within Phragmites gas-flux measuring collars in June and August 2014
as well as aboveground biomass and dead standing mass (g m?) within Phragmites and native collars in
October 2014

Site Veg. zone June August October live  October dead
Kirkpatrick Native 61+21 ° 64+ 15 °
Phragmites 379+ 184 ° 380 + 149 ° 140 +149® 628 +200 °
Fox Creek Native 92+35 ¢ 129 +24 *
Phragmites 1122 +280 ° 565 + 120 ° 338+76 "  600+166 "

Lowercase letters represent results of a Tukey’s HSD test. Values within one column not connected by the
same letter are significantly different (p < 0.05). Presented are mean values * standard deviations (h = 4)

Biomass

Phragmites aboveground biomass was significantly greater at Fox Creek than at Kirkpatrick
Marsh (p < 0.05; Table 1). Differences in biomass were evident in the height of the plants which
were up to 3.85 m at Fox Creek Marsh versus 2.85 m at Kirkpatrick Marsh. At both sites, end

of season aboveground biomass was significantly greater in the Phragmites zone than the
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native zone; however, in Kirkpatrick Marsh this result applied to standing dead biomass but not

live biomass (Table 1).
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Figure 1 CH, emissions (umol m? min™) from three vegetation zones representing different stages of invasion by
Phragmites australis into native shortgrass communities measured on eight sampling dates at Fox Creek Marsh
(top) and Kirkpatrick Marsh (bottom). P-values represent results of repeated measures ANOVA. Lowercase
letters represent results of a Tukey's HSD test at the given sampling date within a marsh site. Bars not
connected by the same letter are significantly different (p < 0.05). Presented are mean values * standard errors; n
=4

Porewater chemistry

Dissolved porewater CH4 was an order of magnitude higher in Fox Creek than in Kirkpatrick
Marsh in all three vegetation zones (Figure 2). Similarly, porewater sulfide was significantly
higher in Fox Creek Marsh (Figure 2). At both sites, porewater sulfide decreased significantly
from the native to the Phragmites zone (Figure 2). Porewater sulfate was higher and sulfate-

depletion was marginally lower in Kirkpatrick than at Fox Creek Marsh with no differences
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between vegetation zones (Figure 2). Porewater salinity in October 2015 was higher at
Kirkpatrick (10.4 £ 0.3) than at Fox Creek Marsh (9.5 + 0.3; p <0.05) with no significant
differences between vegetation zones (p > 0.2). Porewater salinity in July 2013 was 9.7 £ 0.2

and did not differ between sites (p > 0.6) and vegetation zones (p > 0.7).

Experimental-mesocosm CH, emissions

CH,4 emissions from Phragmites mesocosms were higher, but not significantly, than those from
native mesocosms (p > 0.2; Figure 3). CH, emissions decreased in each case after darkening
(n = 4) in Phragmites (-65 £ 9%; p < 0.05), whereas the opposite was true in native, where CH,
emissions increased in each case (n = 4) after darkening of the flux chamber by 35 + 15%
(p<0.2).

Discussion

Spatial variability of CH, emissions

Our study demonstrates that the effects of invasive species on ecosystem processes such as
GHG emissions may be predictable qualitatively but highly variable quantitatively. While
Phragmites invasion tended to increase CH,4 emissions at both sites, the difference in emissions
between native and invaded zones ranged from dramatic (an order of magnitude) at one site to
occasionally significant at a site located nearby. The data illustrate that generalizations cannot
always be made with respect to invader-ecosystem processes, as interactions between invader
and local abiotic conditions that vary on the order of meters in wetland ecosystems can have a
stronger impact on GHG emissions than the invader itself. Porewater data did not provide
evidence that contrasting pre-existing biogeochemical gradients (e.g. in salinity or [sulfate])
exist between our two sites (Figure 2) that represent different invasion patterns of Phragmites
into native shortgrass communities. Consequently, different invasion patterns do not explain
the large differences in CH4-emission change after Phragmites invasion between our two sites.
Greater Phragmites biomass at Fox Creek than Kirkpatrick Marsh could help explain the
observed differences in CH4 emissions and CHz-emission change after invasion between sites
(Table 1). However, the fact that differences in biomass were only significant in the early
growing season, as opposed to order of magnitude differences in CH, emissions throughout the

season, does not support differences in plant biomass as the main driver of the observed effects.
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Figure 2 Porewater CH,4 (UM), sulfide (uM), sulfate (mM), and sulfate depletion (Sulfatepgp, mMM) sampled
from 30 cm soil depth in three vegetation zones representing different stages of invasion by Phragmites
australis into native shortgrass communities at Fox Creek Marsh (black bars) and Kirkpatrick Marsh (white
bars). Presented are mean values + standard errors; n =5
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Clear and consistent effects of Phragmites on CH, emissions were found in our high-
porewater CH, site only, where dissolved porewater CH,4 concentrations exceeded those at
Kirkpatrick Marsh by more than an order of magnitude in all three vegetation zones. Although
we measured porewater CH,4 only once, our findings suggests that an increase in CH, emissions

after Phragmites invasion is particularly important in soils with high rates of microbial CH,4
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production. In such sites, CH4 emissions may be enhanced at the earliest stages of Phragmites
invasion, as illustrated in our mixed zone that contained only few plants clonally integrated into
the native zone, accounting for relatively little Phragmites biomass (Figure 1). Thus, the
influence of Phragmites on CH,4 emissions is likely to vary depending on salinity and other
factors that influence tidal marsh CH,4 biogeochemistry.

This conclusion — that relative increase in CH, emissions caused by Phragmites
invasion increases with soil CH, production rates — is consistent with results from three New
England marsh sites arranged across a salinity gradient: As expected from the well-established
inverse relationship between salinity and CH, emissions (Poffenbarger et al. 2011), emissions
from the native zones increased in the order of polyhaline < mesohaline < oligohaline (Martin
and Moseman-Valtierra 2015). In each salinity zone, Phragmites invasion into native (S. patens
or D. spicata dominated) systems increased CH,4 emissions; however, the relative increase in
CH,4 emission at the oligohaline site, where CH,4 production was presumably higher, was
considerably larger than the relative increase at the polyhaline site, where CH,4 production was
presumably lower (Martin and Moseman-Valtierra 2015).

The CHj-emission rates we measured from the Phragmites zone at Fox Creek Marsh are
similar to their oligohaline site, while our Kirkpatrick Marsh site is similar to their meso-
polyhaline site (Martin and Moseman-Valtierra 2015). Differences in salinity and porewater
sulfate (Figure 2) between our sites could explain certain features of our data, including the
relatively high CH4 emissions and high porewater CH,4 concentrations at Fox Creek Marsh
versus Kirkpatrick Marsh. However, particularly between the Phragmites zones, differences in
salinity (<1) and porewater sulfate (Figure 2) were small, suggesting that mechanisms other
than site salinity per se are responsible for differences in the effect of Phragmites invasion on
CH, emissons in the present study.

A potential weakness of any study that uses space-for-time substitution is the possibility
that the sites were not identical before the change in question occurred. In both the present
study and that of Martin and Moseman-Valtierra (2015) it is possible that Phragmites invaded
areas of relatively high CH, emissions. Such a conclusion is consistent with our mesocosm
study results in which Phragmites seedlings did not increase CH, emissions compared to native
species planted in the same soils (Figure 3). Evidence that higher CH, emissions in the
Phragmites zones were due to the presence of Phragmites and not differences in pre-invasion
soil biogeochemistry is the fact that porewater CH, concentrations were an order of magnitude

higher in all Fox Creek Marsh plots compared to all Kirkpatrick Marsh plots. This is a clear

25



example of pre-existing soil biogeochemical differences that might cause different emissions
even in the absence of Phragmites. However, differences in CH, emissions between Fox Creek
Marsh and Kirkpatrick Marsh were only present between the Phragmites zones of the two sites,
and not the native zones. Because both sites have supported the same native plant species since
at least 1972 and CH, emissions from native zones of both sites were similar despite order of
magnitude differences in porewater CH,4, we conclude that higher emissions in the Phragmites
zones are due to changes induced by Phragmites itself.

While we demonstrated a plant-species effect on CH, emissions in both marsh sites
(Figure 1), this result was not confirmed by our experimental data in a mesocosm experiment
(Figure 3). However, there were similarities between the mesocosm and Kirkpatrick Marsh
results that suggest that a longer term mesocosm study would have produced significant effects
of Phragmites on CH, emissions. Namely, mesocosm CH, emissions were within range of in
situ emissions from native marshes with similar vegetation in Kirkpatrick Marsh, and likewise
Phragmites effects on CH,4 emissions in Kirkpatrick Marsh were only occasionally statistically

significant.

Temporal variability of CH, emissions

Seasonality and the changing influence of plant-mediated effects on ecosystem
processes also influence CH, emissions. Sampling date had a significant impact on CH,
emissions from the Phragmites zone at both sites, but a less pronounced influence in the native
zones (zone x time interaction at both sites, p < 0.001). This result could be interpreted as a
diverging impact of seasonality, such as the time course of biomass development, on CH,
emissions from different vegetation zones. Similar effects were reported by Martin and
Moseman-Valtierra (2015). Although greater Phragmites biomass at Fox Creek Marsh could
help explain differences in CH4 emissions between sites, we do not have sufficient biomass
data over the course of the season to determine if changes in biomass parameters explain
changes in CH,4 emissions over time.

Light-driven convective gas flow significantly influenced CH, emissions in Phragmites
only. The effects of solar radiation differed between vegetation zones, increasing CHy
emissions from Phragmites but not the native zones. The relationships between radiation and
CH, emissions we observed in the field were even clearer in the experimental mesocosms
planted with Phragmites. We interpret the contrasting responses of CH,; emission from

Phragmites and native grasses such as S. patens to light as a result of differences in
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mechanisms of gas transport through the different plant species, as previously demonstrated in
studies comparing Phragmites with species of the genus Scirpus (van der Nat et al. 1998,
Arkebauer et al. 2001). Phragmites is one of few wetland plants known to support light-
enhanced convective gas flow, which increases O, delivery to the rhizosphere and emissions of
CH,4 and H,S (hydrogen sulfide) to the atmosphere (Mitsch & Gosselink 1993; Brix et al.
1996). Given the lack of convective gas flow, CH4 emissions are insensitive to light in the S.
patens dominated community.

As the flux chambers used in this study were not equipped with a cooling system,
radiation also led to increases in chamber temperature. CH, emissions increased with chamber
temperature; however, this was only true in the presence of Phragmites (mixed and Phragmites
zone) and only at our high-porewater CHy, site. Different responses of CH, emissions between
vegetation zones to temperature are consistent with the responses to radiation and can be
attributed to the temperature sensitivity of convective gas flow in Phragmites (e.g. Brix et al.
1996; Minke et al. 2014). Along with the large differences in relative CH4-emission change
after invasion between our two sites (discussed above), contrasting responses between the sites
to temperature indicate that pre-existing biogeochemical site conditions determine the extent to
which temperature- and light-sensitive plant traits like convective gas flow can influence GHG
emissions from wetland soils.

At most sampling dates, chamber temperature was considerably higher than outside
temperature. However, because outside temperature was measured at a nearby meteorological
tower and not on site, we cannot precisely determine the extent to which chamber temperature
actually differed from outside temperature of the surrounding. Further, we cannot account for
potential microclimatic differences between vegetation zones, although those differences are
likely to be expected (Baldi 1999). Therefore, it is possible that Phragmites-induced changes of
the microclimate have an impact on temperature- and humidity-sensitive CH, emissions from
Phragmites stands.

The design of our closed-chamber system limits our ability to separate temperature-
from light-induced changes in CH4 emissions. Further studies applying improved methodology
(as for instance presented in Minke et al. (2014) or Martin and Moseman-Valtierra (2015)) are
needed to evaluate the role of seasonal changes in light availability, diurnal (light) effects, and
temperature in order to assess the net impact of plant invasions on GHG emissions from

wetlands.
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Mechanisms influencing CH, emissions after Phragmites invasion

Changes in CH4 emissions after plant invasion in wetland ecosystems must be caused by one of
three processes that contribute to net CH, emissions: (1) microbial CH,4 production, (2)
microbial CH, oxidation, and/or (3) plant-supported ventilation of CH, directly to the
atmosphere, bypassing soil surface CH,4 oxidation. However, there is a small existing literature
on the mechanisms by which invasive plants change CH, cycling that can be used to develop
hypotheses about the mechanisms that are likely responsible for increased CH,4 emissions after
Phragmites invasion (Mozdzer and Megonigal 2013).

An increase in plant-supported CH, production (mechanism 1) does not seem to be an
important driver of increased CH,4 emissions in our study. Otherwise we would have expected a
stronger plant species effect on CH, emissions from our low-porewater CH, site and also from
our mesocosm experiment. We do not have soil redox profiles, O, profiles, or CH4-oxidation
rate data to address the possibility that Phragmites changed CH,4 oxidation rates at the soil
surface (mechanism 2). However, such an effect may occur if Phragmites invasion increases
soil surface elevation as suggested by Rooth et al. (2003), or Phragmites increases root O, loss
in the soil profile (Tanaka et al. 2007). Evidence of increased root O, loss is the fact that
porewater sulfide concentrations were lower in Phragmites-invaded zones (Figure 2). Increased
sulfide oxidation rates are one possible explanation for this pattern because there were no
corresponding patterns in porewater sulfate concentration or sulfate depletion across vegetation
zones (Figure 2). However, lower porewater sulfide concentrations in the Phragmites-invaded
zones can also result from H,S removal through increased plant ventilation of gases to the
atmosphere (mechanism 3).

Higher concentrations of dissolved porewater CH, and sulfide, and higher sulfate
depletion (Figure 2) at Fox Creek versus Kirkpatrick Marsh indicate higher rates of anaerobic
decomposition in Fox Creek Marsh. As discussed above, the dramatic difference in porewater
CH, concentrations between the two sites did not translate into differences in CH4 emissions in
the native zone. In contrast, the presence of Phragmites produced dramatic differences in
emissions that reflect porewater CH, concentrations. Thus, we hypothesize that Phragmites
stimulates CH, emissions primarily via mechanism 3, in which increased plant ventilation
routes soil CH,4 past oxidizing soil layers. Phragmites has vastly deeper root systems (>1 m
deep in our study sites; J. Meschter et al., unpublished data) than the native grasses it is
replacing, and can more efficiently transport CH, via pressurized ventilation.
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Table 2 Annual estimates of CH,4 emissions and CO,-equivalents calculated based on a CH, global warming
potential (GWP) of 32 and a sustained global warming potential (SGWP) of 45 over a 100-year time horizon
(Neubauer and Megonigal 2015) from three vegetation zones representing different stages of invasion by
Phragmites australis into native shortgrass communities measured in two brackish Chesapeake Bay marsh sites

annual CH, emission GWP-COeq SGWP-COyeq

[gm?yr] [Mghalyr]  [Mghatyr’]

Site Type mean SD  min max mean mean
Kirkpatrick  native 3.1 18 04 55 1.0 1.4
mix 45 27 12 8.3 1.4 2.0

Phragmites 135 46 64 187 4.3 6.1

Fox Creek native 1.0 0.4 0.6 1.5 0.3 0.5
mix 52 22 32 8.8 1.7 2.3

Phragmites 1055 39.3 66.7 164.8 33.8 47.5

GHG-balance implications

If the reported changes in CH,4 emissions from our field sites are primarily Phragmites-induced,
as our data suggest, Phragmites invasion increased GHG emissions by 34 (Global Warming
Potential) or 47 (Sustained Global Warming Potential; Neubauer and Megonigal 2015) Mg
CO,-equivalents ha™* yr* in our high-porewater CH, site, and by 3.3 or 4.7 Mg CO,-equivalents
ha® yr' in our low-porewater CH, site (Table 2). However, it is not possible to interpret the
impact of Phragmites invasion on radiative forcing without also determining whether soil
carbon sequestration rates have also increased as one study suggests (Rooth et al. 2003). An
increase in soil carbon sequestration of 47 and 4.7 Mg CO,eq ha™ yr at Fox Creek Marsh and
Kirkpatrick Marsh, respectively, would relate to 254% of the peak aboveground biomass (18.5
Mg CO,eq ha™ yr') at the Fox Creek Marsh and 75% at the Kirkpatrick Marsh (Table 1). Even
under the assumption of a 3:1 ratio of belowground to aboveground production, it seems
unlikely that soil carbon sequestration rates have entirely offset the increase in CH, emissions.
Future research needs to show if higher rates of biomass production, carbon sequestration and
potential reduction in N,O in Phragmites versus native shortgrass communities can

counterbalance increases in CH, emissions.

Conclusion

In contrast to previous studies that have focused on invader-ecosystem effects on GHG
emissions, we found that invader-ecosystem effects are site-specific. We found remarkable
differences in total CH4 emissions and the influence of the invader on CH,4 emissions at two
adjacent marsh sites of similar salinity and species composition. Furthermore, seasonality and

changes in temperature and light availability can cause contrasting responses of CH,4 emissions
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from different vegetation types. Therefore, we suggest that generalizations with respect to
invader-ecosystem processes should be interpreted with caution, as interactions between
invader and local abiotic conditions that vary both spatially as temporally on the order of
meters and hours, respectively, can have a stronger impact on GHG emissions than the invader
itself,
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Abstract

Tidal marshes have a large capacity for producing and storing organic matter, making their role
in the global carbon budget disproportionate to land area. Most of the organic matter stored in
these systems is in soils where it contributes 2-5 times more to surface accretion than an equal
mass of minerals. Soil organic matter (SOM) sequestration is the primary process by which
tidal marshes become perched high in the tidal frame, decreasing their vulnerability to
accelerated relative sea level rise (RSLR). Plant growth responses to RSLR are well understood
and represented in century-scale forecast models of soil surface elevation change. We
understand far less about the response of SOM decomposition to accelerated RSLR. Here we
quantified the effects of flooding depth and duration on SOM decomposition by exposing
planted and unplanted field-based mesocosms to experimentally manipulated relative sea level
over two consecutive growing seasons. SOM decomposition was quantified as CO, efflux, with
plant- and SOM-derived CO, separated via 5°CO,. Despite the dominant paradigm that
decomposition rates are inversely related to flooding, SOM decomposition in the absence of
plants was not sensitive to flooding depth and duration. The presence of plants had a dramatic
effect on SOM decomposition, increasing SOM-derived CO; flux by up to 267% and 125% (in
2012 and 2013, respectively) compared to unplanted controls in the two growing seasons.
Furthermore, plant stimulation of SOM decomposition was strongly and positively related to
plant biomass and in particular aboveground biomass. We conclude that SOM decomposition
rates are not directly driven by relative sea level and its effect on oxygen diffusion through soil,
but indirectly by plant responses to relative sea level. If this result applies more generally to
tidal wetlands, it has important implications for models of SOM accumulation and surface
elevation change in response to accelerated RSLR.
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Introduction

Relative sea level rise (RSLR) is expected to alter the accumulation and cycling of soil organic
matter (SOM) in tidal marshes, with important consequences for tidal marsh stability and
ecosystem services such as carbon sequestration (Kirwan and Megonigal 2013). Feedbacks
between sea level and marsh surface elevation alter the hydrological and biogeochemical
conditions that control carbon inputs via plant production (Morris et al. 2002, Kirwan and
Guntenspergen 2012) and carbon outputs via decomposition (Kirwan et al. 2013). Indeed,
organic matter production and decomposition are the two most important factors that control
the rate at which SOM accumulates in soils, a process that confers stability to tidal marshes
experiencing increased inundation due to accelerated rates of RSLR (Kirwan and Megonigal
2013) and contributes to high rates of carbon sequestration by coastal marine ecosystems.
However, presently much more is known about factors that regulate plant production than
decomposition.

A dominant paradigm in wetland ecosystem ecology is that flooding promotes soil
carbon accumulation (Davidson and Janssens 2006). There is abundant evidence to support
this notion, including the fact that tidal wetlands accumulate large pools of SOM (Mcleod et al.
2011) and the fact that anaerobic conditions suppress microbial respiration (Freeman et al.
2001, Megonigal et al. 2004). However, there is a surprising lack of empirical data on in situ
decomposition of SOM, the soil carbon pool that decays most slowly and contributes the most
to soil elevation change (Rybzcyk and Callaway 2009). Studies on decomposition processes in
tidal marshes typically focus on recently senesced, labile plant material using classic litter bag
techniques; they rarely measure the decomposition of the recalcitrant, stable fraction of SOM.
Likewise, most studies of SOM decomposition are performed in laboratory incubations where
the soil has been separated from plant sources of O, and labile carbon. The general lack of
research on SOM decomposition in tidal wetlands limits a process-level understanding of soil
carbon sequestration, elevation change, and refinement of numerical forecast models (Kirwan
and Megonigal 2013).

There is evidence that flooding does not always preserve organic matter. Some fresh-
litter decomposition studies in tidal wetlands have reported negligible effects of flooding
(Hackney, 1987; Blum, 1993; Blum & Christian, 2004). More relevant to the issue of marsh
elevation change is evidence that flooding may actually enhance SOM decomposition, although
the relationship was weak (Kirwan et al. 2013). Thus, the effects of flooding on decomposition

are equivocal, and the mechanisms causing weak or unexpected positive responses of SOM
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decomposition to RSLR remain elusive. In this context, it is important to adopt a
nuanced approach to studying SOM decomposition that addresses the complexity of RSLR
effects on the process.

Relative sea level affects decomposition both directly by regulating the O, supply across
the air-soil interface and indirectly by governing plant species composition, plant biomass, and
primary production. SOM decomposition rates in all ecosystems are generally faster in the
presence of plants than in plant-free soils (Guenet et al. 2010), a phenomenon known as
priming (Kuzyakov et al. 2000). Priming effects in terrestrial systems are often positively
related to plant biomass or size (Fu and Cheng 2002, Dijkstra et al. 2006) and driven by the
input of labile organic compounds via rhizodeposition as substrate for microbial respiration
(Blagodatskaya and Kuzyakov 2008). In addition, vascular wetland plants can affect SOM
decomposition through changes in the supply of O, via root oxygen loss (Wolf et al. 2007) and
the supply of alternative terminal electron acceptors for microbial respiration (Neubauer et al.
2005, Sutton-Grier and Megonigal 2011).

In this study, we quantified the effects of relative sea level on recalcitrant SOM
decomposition rates using a design that captured both the direct effects of O, supply via
atmospheric exchange across the soil surface and the indirect effects of plant processes. Soil-
filled mesocosms were either left unplanted to account for direct effects of flooding onlyor
planted to also account for flooding effects that operate indirectly through plant-induced
priming. The mesocosms were then positioned at different elevations in a tidal creek to
manipulate relative sea level. SOM decomposition was quantified using a carbon stable isotope
technique that allowed to distinguish between plant- and SOM-derived CO, production.
Methane flux was also assessed as a minor product of microbial respiration in brackish
systems. We hypothesized that SOM decomposition rates would decrease with increasing
flooding depth and duration in both planted and unplanted mesocosms as the supply of O,
decreased. Based on the mechanisms discussed above, we further hypothesized that planted
mesocosms would support higher rates of SOM decomposition than unplanted mesocosms of

the corresponding elevation.

Material & methods

Site description, relative sea level manipulation, and soil redox potential

We conducted a field-based mesocosm experiment over two consecutive growing seasons
(May-October 2012, May-August 2013) at the Global Change Research Wetland, located at the
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Smithsonian Environmental Research Center, Maryland, USA (38°53'N, 76°33'W). The facility
is situated in Kirkpatrick Marsh on Rhode River, a brackish subestuary of the Chesapeake Bay
with a mean tidal range of 44 cm (Langley et al. 2013).

Mesocosms were deployed in a tidal creek of Kirkpatrick Marsh in order to test our
hypothesis that SOM decomposition would decrease with increasing flooding depth and
duration as the supply of O, decreased. We manipulated relative sea level by deploying the
mesocosms at three elevations, -15 cm (low), 0 cm (mid), and +20 cm (high), relative to the
soil surface of the adjacent reference marsh platform. This general experimental design has
been previously described as a “marsh organ” (Morris 2007). Relative elevation therefore
served as a proxy for relative sea level. The original goal of this design is to determine the
optimum flooding level for plant production, a goal that also applied to the present study in the
sense the plants influence decomposition rate.

The effect of relative sea level on the oxidation-reduction state of the soil environment
(as a proxy for O, supply) was quantified prior to carbon (CO,+CH,) flux measurements in
both years. Redox potential measurements were made on three planted and three unplanted
mesocosms per elevation at low tide by inserting three platinum-tipped electrodes (Megonigal
and Rabenhorst 2013) to a depth of 10 cm below the soil surface. Readings were taken after 45
min of equilibration. Redox potential was referenced to a calomel electrode (Fisher Scientific
accumet) pressed carefully to a soil depth of 1 cm in each mesocosm. Reference and redox
electrodes were connected to a high-impedance, portable conductivity meter (Fisher Scientific
accumet), allowed to stabilize for 3 min, then recorded. The three readings per mesocosm were

averaged and corrected to the redox potential of the standard hydrogen electrode (+244 mV).

Mesocosm design: soils and plant species
A total of 30 mesocosms, 10 cm in diameter and 72 cm deep, were made from PVC pipe. A
PVC cap was placed on the bottom of each mesocosm pipe and perforated at the bottom with
five 1-cm-diameter holes to allow for vertical water exchange (see Langley et al. (2013) for
additional details). There were no holes in the sides of the pipes to eliminate horizontal
exchange, which mimics hydrologic conditions in the high marsh platform that we were
simulating in this experiment (Jordan et al. 1983).

Mesocosms were filled with soils collected from specific areas and depths of
Kirkpatrick Marsh. Most of Kirkpatrick Marsh is underlain by organic, sapric soils with C

contents exceeding 40% and organic matter contents exceeding 80% to a depth of 5 m. These
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soil characteristics hold regardless of whether the soils are presently dominated by Cs or Cy4
plant species. We collected soil from a C4 grass (Spartina patens)-dominated area where the
SOM carries a 8*3C signature significantly more enriched (-14.4%o) than the Cs plant species
(Schoenoplectus americanus) used in this study. Soil was collected from a depth of 50-100 cm
to ensure the SOM was relatively old and recalcitrant compared to more surficial SOM. The
soils were homogenized because our experimental design relied upon a uniform © signature
in order to maximize our ability to separate soil and plant sources of CO, (see Isotope and CO,
flux calculations). A hand-operated meat grinder was used to homogenize the soil, a process
that may have increased the lability of organic matter by mechanically breaking apart
macroscopic detritus and perhaps a few living roots. For this reason, we ran the experiment a
second year in order to assess responses in the presence of less labile SOM compounds.

To test the second hypothesis that mesocosms with plants would support higher rates of
SOM decomposition than mesocosms without plants, half of the mesocosms (n = 15) were
planted with the Cz sedge Schoenoplectus americanus (formerly Scirpus olneyi). This is a
dominant macrophyte in large areas of the adjacent reference marsh platform where it can
account for 75% of community biomass (Langley and Megonigal 2010, Langley et al. 2013).
This widespread species is relatively flood tolerant (Kirwan and Guntenspergen 2012) and
therefore served as the model species in our RSLR experiment. The other half of the
mesocosms (n = 15) were left unplanted. Schoenoplectus americanus rhizome fragments were
harvested from the adjacent marsh, cultivated in sand for three weeks, and transplanted to the
mesocosms in mid-May 2012. Each planted mesocosm received four plants, simulating the
natural stem density of approximately 500 stems m (White et al. 2012, Langley et al. 2013).
Mesocosms were deployed on rack with a stair step design resulting in 10 mesocosms per
elevation, half of which were planted (n = 5) and half of which were unplanted treatments.

Soil freezing is normally limited to the upper few centimeters of the soil surface at this
site; in order to prevent the mesocoms from unrealistically freezing to deeper depths over the
winter, they were stored in a cold room at 4°C from November 2012 (after plant senescence)
through March 2013 (Langley et al. 2013). From March to May 2013, the mesocosms were
stored in 120-L containers filled with tidal creek water to approximately 30 cm below soil
surface. The mesocosms were redeployed to the marsh organ at their treatment elevations
during the first week of June 2013 after shoots of approximately 5 cm height had emerged; this
was a precaution to avoid flooding-stress at the lowest elevations that might otherwise have

killed the plants due to continuous submergence.
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Biomass sampling and plant §*C determination

Plant material was sampled for determination of plant tissue °C required to distinguish
between plant- and SOM-derived CO, flux (see Isotope and CO; flux calculations) and for the
assessment of biomass parameters that we expected to scale with a potential priming effect on
SOM decomposition. Plant material was sampled twice over the course of the experiment.
Because we planned to redeploy the mesocosms after the first season, plant material for isotope
analysis collected in September 2012 was sampled without destructively harvesting the
mesocosms. For this initial assessment, one shoot from each mesocosm was cut at the soil
surface and dried at 60°C to constant weight. The material was ground and a composite sample
for each elevation was analyzed for C. For isotope calculations, the 2012 results were
compared and adjusted to those from a more thorough sample taken in 2013 (see Isotope and
CO, flux calculations) when the mesocosms were destructively harvested for biomass
assessment. Following gas sampling in the second season (August 2013), aboveground biomass
was cut at the soil surface. Mesocosms were opened at the bottom by removing the cap, and the
intact soil column was pushed out of the PVVC pipe and cut in 10 cm increments. Belowground
biomass (roots and rhizomes) was washed clean of soil with tap water, then given a final rinse
with deionized water. Keeping each mesocosm separate, aboveground and belowground
material was dried at 60°C to constant weight, ground and analyzed for §83C. All tissue 5°C
analyses were performed on an element analyzer (HEKAtech, Wegberg, Germany) coupled to a
Nu Horizon stable isotope-ratio mass spectrometer (Nu Instruments, Wrexham, UK) at the
Applied Plant Ecology Stable Isotope Lab, University of Hamburg, Germany. Standing dead
litter was excluded from isotope analysis, assuming that 8*3C was similar to living biomass and
its relative contribution to CO, respiration was small (Kuehn and Suberkropp 1998, Kuehn et
al. 2004).

Isotope and CO; flux calculations

The isotope calculations in this study followed Wolf et al. (2007), but were slightly modified to
meet the requirements of the different experimental design. Briefly, the CO, emitted from
planted mesocosms was a combination of plant- and SOM-derived sources characterized by
different 8*3C signatures. We separated the relative contributions of plant- and SOM-derived
flux using the equation Fs=Ft(8p -6t / (8p - Os) @)
where Fyis total CO, flux, Fs is SOM-derived CO; flux, & is the "°C of the CO, produced by
the whole system, & is the 8°C of the SOM-derived CO,, and &, is the 8'°C of the plant-
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derived CO,. The elevation-specific averages of unplanted mesocosms were used for the &5 end
member terms, while the 6, end member term was specific to each planted mesocosm. The 9§
end member was calculated as the mass-weighted average of the 8*°C of belowground and
aboveground biomass. SOM-derived CO, flux was calculated for each mesocosm separately.
Priming was calculated separately for each mesocosm as the difference between SOM-derived
CO; flux from a planted mesocosm and mean CO; flux from unplanted mesocosms (n = 5) at
the corresponding elevation.

Because the redeployment of the mesocosms after the first season did not allow a
destructive harvest of the total biomass, a mass-weighted end member that included both
belowground and aboveground biomass could not be used for isotope calculations in the first year
of the experiment (2012). The option of using only the §"3C of aboveground biomass would have
led to a slight overestimation of SOM-derived vs. plant-derived CO, flux compared with the
mass-weighted end member (Table 1). In order to avoid this potential bias, the §*C of 2012
belowground biomass was estimated from the §°C of 2012 aboveground biomass using a
regression model developed for 2013 aboveground vs. belowground §*3C values (belowground
8%C =10.51 + 1.37 x aboveground 5"°C, r* = 0.921, p < 0.00001).

We considered several assumptions embedded in our 8**C end member assignments that
may have affected our calculation of recalcitrant SOM decomposition rates. The assumption
that aboveground and belowground tissues respire equally per unit biomass was addressed by
using a range of potential 5, end member terms in equation 1 (Tables 1 and 2). Specifically, we
calculated Fs assuming that 3, was the 8C of belowground biomass only (BEM), the §*3C of
aboveground biomass only (AEM), or the mass-weighted end member (MWEM). Because the
8"3C of plant tissue can differ from the §**C of CO, respired from that tissue, we sampled S.
americanus from the adjacent marsh platform and compared the 8**C of respired CO, to the
tissue 8'°C itself (see Supporting Information for a detailed description of the methods). We
used the range of divergence between the 8*3C of tissue and CO, respired by the tissue to
develop two alternative mass-weighted end member terms that account for different scenarios
of apparent *3C enrichment or **C depletion during respiration. The alternative mass-weighted
end member term 1 (aMWEM-1) accounts only for apparent *3C enrichment during
aboveground tissue respiration by +1%., while aMWEM-2 accounts for both apparent **C
enrichment during aboveground tissue respiration (+1%0) and '*C depletion during
belowground tissue respiration (-1%o), simulating the documented scenario of opposite *C
discrimination (reviewed by Ghashghaie & Badeck 2014).
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Carbon flux measurements

SOM decomposition was quantified by measuring SOM-derived CO, flux. Stable carbon
isotopes (see Isotope and CO, flux calculations) were used to distinguish between recalcitrant
SOM- and plant-derived CO,. CO, flux measurements were conducted in September of the first
growing season (2012) and in August of the second growing season (2013). At low tide, when
the creek water level was 15 cm below the reference marsh soil surface (equivalent to the soil
surface of the low-elevation mesocosms), mesocosms were carefully removed from the marsh
organ and placed into 120-L containers. The containers were filled with tidal creek water to
depths that corresponded to the water level their respective mesocosms were last exposed to in
the creek. Algal growth was removed from the soil surface prior to sampling. Opaque PVC flux
chambers of different lengths (depending on plant height) were placed onto each mesocosm
and sealed. The headspace of each flux chamber was flushed with CO,-free air for 4-8 min
(depending on chamber volume) at a flow rate of 2 L min™. The resulting volume of CO,-free
air exceeded 3.5 times the headspace volume. We determined that this was sufficient to remove
atmospheric CO, (Wunderlich and Borken 2012) by flushing sealed, empty chambers of
different volumes and tracking [CO2] with an LI-7000 infrared gas analyzer (LI-COR
Biosciences, Lincoln, NE, USA).

Chambers were left on the mesocosms for a period of 4 h in order to reach [CO;] >
1000 ppmv, at which point the headspace was sampled through a rubber septum using a 20-mL
polyurethane syringe, and then transferred into a N-flushed and evacuated 12-mL Exetainer
storage vial (Labco, High Wycombe, UK). Vials were checked for leaks during storage and
transport by injecting a known volume of a CO, reference gas into 10 extra vials. All gas
samples were analyzed for 8*3CO, and [CO,] at the Stable Isotope Facility of the University of
California, Davis.

Our methods for quantifying SOM decomposition rate assume that CH, is a minor end
product of microbial respiration in brackish systems (Poffenbarger et al. 2011) that can be
ignored for the purposes of this study. We also assume that microbial oxidation of CH4 to CO,
had a negligible effect on §'*CO,; otherwise isotopically depleted CO, derived from CH, would
cause an underestimate of the contribution of SOM to total mesocosm (microbial+plant) CO,
respiration. For these reasons, CH, flux and CH,4 oxidation were measured in September 2012
to coincide with the CO, flux measurements. A detailed description of CH,; methods is
provided in the Supporting Information.
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Statistical analyses

Two-way ANOVAs were used to assess the effects of planting, elevation, and their interaction
on SOM-derived CO, flux, CH4 flux and soil redox potential. ANOVAs were applied
separately for the two years. Tukey’s HSD tests were used to make pairwise comparisons. One-
way ANOVASs were used to test the effects of elevation on biomass production and plant tissue
8"C and §'°CO,. When Levene’s test indicated heterogeneous variance, the data were log
transformed. Linear regression was used to test for relationships between biomass production,
priming, and SOM-derived CO, flux; elevation and redox potential; and the SBC of
aboveground and belowground plant tissue. Analyses were performed using the statistical
software STATISTICA 10 (StatSoft Inc., Tulsa, OK, USA).

Results

Soil redox response to relative sea level

Soil redox potentials at 10 cm depth increased linearly with elevation in both planted
mesocosms (r2 = 0.582, p < 0.05 and r2 = 0.582, p < 0.01, in 2012 and 2013, respectively) and
unplanted mesocosms (r? = 0.787, p<0.01 and r? = 0.824, p<0.001, in 2012 and 2013,
respectively). Redox potentials were higher in planted than unplanted mesocosms (p < 0.001
and p < 0.0001 in 2012 and 2013, respectively; Figure 1). In planted mesocosms, redox
potentials were higher in 2013 than in 2012 (p < 0.05), while redox in the unplanted mesocosms
did not differ between 2012 and 2013 (p > 0.2).
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Figure 1 Soil redox potentials at 10 cm depth in unplanted and planted mesocosms measured at low tide at
three different elevations relative to the reference marsh platform, low (-15 cm), mid (0 c¢cm), and high
(+20 cm), in 2012 and 2013. Values are mean + standard errors (n = 3)
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Plant response to relative sea level

Aboveground, belowground and total biomass varied significantly with elevation (p < 0.001, p
< 0.001 and p < 0.01, respectively, Figure 2). The ratio of belowground-to-aboveground
biomass also varied with elevation (p < 0.001), ranging from 3.7 at high elevation to 1.0 at low
elevation. The main part of belowground biomass was allocated in the upper 10 cm of the soil
profile at all three elevations, ranging from 84% of total belowground biomass at high elevation
to 94% at low elevation. Single roots reached maximum depths of 45, 55, and 25 cm below

surface in high, mid and low elevation mesocosms, respectively.

5*3C of plant biomass and emitted CO,
Above- and belowground plant biomass at the highest elevation was slightly *C enriched
compared to the two lower elevations. At all elevations, belowground plant material was *C
enriched compared to aboveground material (Table 2). The difference in 8*3C of S. americanus
tissue and tissue-respired CO, (as determined on plant samples from the adjacent marsh) was
<1%o (tissue MWEM: -26.86 * 0.20%so; respired CO,: -26.13 + 0.21%o).

83C0O, was significantly different (p < 0.001) between planted and unplanted
mesocosms (Table 2), reflecting the fact that CO, emitted by plant respiration of recent
photosynthate was **C depleted compared to CO, emitted by microbial respiration of SOM.
8*3CO, from the unplanted mesocosms did not vary with elevation in 2012 (p > 0.1), but in
2013 CO, at the lowest (wettest) elevation was *C depleted by 1.60-1.87%. compared to the
highest elevation (p < 0.001, Table 2).

Carbon fluxes and priming

There was a significant interaction between the effects of plant presence and elevation on
SOM-derived CO; flux in both years (p < 0.05). Elevation had no effect on the rate of CO, flux
from unplanted mesocosms (p > 0.1, Figure 3), all of which was considered SOM-derived due
to the absence of plant respiration. In the planted mesocosms, SOM-derived CO, flux declined
significantly from mid to high elevation (p < 0.05) in both years, but there were no significant
differences between mid and low elevation (p > 0.1, Figure 3). The SOM-derived CO, flux was
always higher in planted than in unplanted mesocosms, but the effect was more pronounced in
2012 than in 2013 (Figure 3). From 2012 to 2013, the CO, flux decreased by 27% from

unplanted mesocosms (p < 0.001) and by 62% from planted mesocosms (p < 0.001, Figure 3).
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Figure 2 Belowground and aboveground biomass of
Schoenoplectus americanus at three different elevations relative
to the reference marsh platform, low (-15 cm), mid (0 cm), and
high (+20 cm), after two consecutive growing seasons in field-
based mesocosms. Values are mean * standard error (n = 5).
Significant differences (p < 0.05) are indicated by different
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Figure 3 Soil organic matter derived CO, flux from unplanted and planted mesocosms at three different
elevations relative to the reference marsh platform, low (-15 ¢cm), mid (£0 cm), and high (+20 cm), in 2012 and
2013. Presented are mean values (n = 5) + standard errors. SOM-derived CO, flux from planted mesocosms was
calculated using the mass-weighted end member term in equation 1. Significant differences (p < 0.05) are
indicated by different letters for 2012 and 2013 separately
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Priming was greatest at mid elevation with no significant differences between mid and
low elevation (p > 0.1) and was positively related to measures of plant biomass (Figure 4;
Table 1). Both SOM-derived CO;, flux and priming-driven increases in decomposition were
positively related to aboveground biomass. This result held across the two years, and applied
regardless of the 8, end member assumption (Figure 4; Table 1). Furthermore, priming
remained significantly and positively related to aboveground biomass when we excluded the
driest, high elevation mesocosms from the 2013 regression analysis (Figure 4; r> = 0.509; p <
0.05), indicating that the relationship was not driven by the effects of desiccation on microbial
activity. Priming also positively related to total biomass in both years, but these results were
not robust under the assumption of different potential &, end member terms in 2012 (data not
presented). SOM-derived CO; flux was related to total biomass in 2013 only (Table 1).
Belowground biomass showed a weak but significant relationship with SOM-derived CO, flux
and priming in 2013 only, but this result was not robust under the assumption of different Jy
end member terms (Table 1). The fact that the relationship between priming and biomass
differed for aboveground vs. belowground biomass is consistent with the finding that no
significant relationship was found between aboveground and belowground biomass (r?> =
0.002, p > 0.8).
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Figure 4 Priming of SOM-derived CO, flux as a function of
aboveground biomass in 2012 (circles) and 2013 (squares). Data
points are colored by elevation relative to the reference marsh
platform: white = high (+20 cm), grey = mid (0 cm), and black =
low elevation (-15 cm). SOM-derived CO, flux was calculated using
the mass-weighted end member term in equation 1
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At all three elevations, CH,4 contributed <1% of total mesocosm C flux (CO, + CHy,)
and <2% compared to SOM-derived CO, flux and was therefore negligible as a product of
microbial respiration. Significant rates of CH, oxidation occurred only at the low
elevation, where approximately 57% of CH, produced was oxidized to CO, (Table S1), an
amount that accounts for <0.5% of the total mesocosm CO, flux at the corresponding
elevation. Consequently, the likelihood that we underestimated SOM-derived CO; flux

(and thus overestimated plant-derived flux) at the low elevation was assumed to be small.

Discussion

Contrary to our hypothesis, decomposition of aged, recalcitrant soil organic matter in a tidal
wetland setting was largely insensitive to flooding depth and duration. By contrast, SOM
decomposition rates were highly sensitive to the presence of plants (Table 1) and strongly
positively related to plant biomass (Figure 4). Vascular plants can accelerate the decomposition
of SOM in tidal marshes through at least two non-exclusive mechanisms. First, plants support
microbial respiration by supplying terminal electron acceptors (TEASs) via root oxygen loss
(ROL) to water-saturated soil environments. Oxygen via ROL directly supports aerobic
respiration as a TEA (Wolf et al. 2007) and supports anaerobic respiration indirectly by
regenerating oxidized forms of nitrogen, iron, or sulfur that function as alternative TEAS in the
absence of O, (Frenzel et al. 1999, Neubauer et al. 2005, Laanbroek 2010, Sutton-Grier and
Megonigal 2011). Second, plants deliver labile organic compounds to the rhizosphere, where
they stimulate microbial activity and lead to accelerated mineralization of recalcitrant SOM, a
phenomenon known as substrate-induced priming (Blagodatskaya and Kuzyakov 2008). Both
substrate-induced and O,-driven priming can be expected to scale positively with aboveground
biomass, providing explanations for the relationships in Figure 4. Photosynthates are
translocated to roots and available to support anaerobic respiration on a scale of hours
(Megonigal et al. 1999), and anaerobic processes such as methanogenesis have been shown to
vary directly in proportion to the photosynthetic capacity of wetland plants (Vann and
Megonigal 2003).

By comparison, there is little known about how ROL rates scale with plant biomass
because ROL is difficult to measure. The first step in ROL is for O, to enter aboveground
biomass, making it possible that the process is limited by the surface area of shoots. Indeed,
Tanaka et al. (2007) reported that ROL correlated to stem diameter in Phragmites stems. In

addition, there is evidence that ROL is governed by the photosynthetic activity of a plant
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(Caffrey and Kemp 1991, Frenzel et al. 1992, Connell et al. 1999). Although ROL rates might
reasonably be expected to relate to belowground biomass, it is well established that only
specific root tissues (e.g. tips and laterals) are permeable enough to allow for O, transfer
(Colmer 2003, Koop-Jakobsen and Wenzhofer 2015). Consequently, ROL does not necessarily
correlate with belowground biomass (WielRner et al. 2002). In the present study, higher soil
redox potentials in planted vs. unplanted mesocosms (Figure 1) support ROL as one
mechanism responsible for accelerated SOM decomposition. However, the enhanced supply of
TEAs cannot be the sole mechanism governing SOM decomposition because SOM-derived
CO; flux and priming were not related to soil redox potentials. That is, redox increased linearly
with elevation, while the relationship between elevation and SOM decomposition in the
presence of plants did not (Figure 1 and 3).

Substrate-induced priming (SIP) was first invoked as an important control of organic
decomposition in tidal marshes by Hemminga et al. (1988). However, while SIP has become an
increasingly well understood process in terrestrial ecosystems, very little is known about SIP in
wetlands generally and in tidal marshes specifically. SIP is driven by rhizodeposits and root
exudates as carbon substrates for microbial metabolism (e.g. Kuzyakov 2002). Although
comprehensive knowledge of both root exudate chemistry and in situ quantity does not exist
(Jones et al. 2009, Haichar et al. 2014), it has been suggested that the release of root exudates to
the rhizosphere is an inevitable result of plant productivity that accounts for 2-4% of net
photosynthesis (Jones et al. 2004). However, root exudate-induced priming is not necessarily
the result of an uncontrolled release of exudates. Under nutrient limitation, plants can benefit
from active secretion of root exudates to prime the mineralization of organically bound
nutrients such as nitrogen, which are mobilized through enhanced SOM decomposition (Jones
et al. 2004, Blagodatskaya and Kuzyakov 2008, Phillips et al. 2011). Because plant growth at
the present study site is nitrogen limited (Langley and Megonigal 2010, Langley et al. 2013),
both uncontrolled and active release of exudates are plausible causes for the observed priming
effect. The active release of exudates to enhance nutrient availability may be an overlooked
process that structures plant communities and supports plant productivity in tidal marshes.

Regardless of the plant physiological mechanisms responsible for the observed priming
effect, our results suggest that SOM decomposition in tidal marshes may be largely driven by
aboveground plant productivity. A dependence of SOM decomposition on aboveground
processes has previously been shown for several crop species such as maize, wheat, and
sunflower (Kuzyakov and Cheng 2001, 2004, Dijkstra et al. 2006). Furthermore, there is a
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growing body of literature illustrating a tight link between aboveground processes and soil
microbial respiration, as well as the resulting consequences on carbon cycling in terrestrial
ecosystems. In grasslands, the rate of photosynthesis drives both the autotrophic and
heterotrophic components of soil respiration at seasonal timescales (Gomez-Casanovas et al.
2012), while in forests canopy processes influence soil respiration at seasonal and hourly
timescales (Savage et al. 2013). Our results indicate that the coupling of these processes could
be similarly relevant in tidal marshes and is likely to have important implications for the carbon
balance of these ecosystems.

Plants increased SOM-derived CO; flux by 267% in 2012 and 125% in 2013. It is
possible that the large drop in the magnitude of the SOM priming effect was the result of
microbial respiration shifting from SOM in 2012 to belowground litter in 2013 when
belowground litter from root turnover was presumably greater. Alternatively, the initial
homogenization process may have artificially increased the lability of SOM in 2012, which

then decreased in 2013 after the relatively labile compounds had been mineralized.

Effects of flooding on SOM decomposition in the absence of plants
Hydrology is a master variable that governs plant, microbial, and biogeochemical processes in
wetlands, and the variable that our experiment was designed to capture with the most fidelity.
Patterns of soil redox potential with elevation and the presence of plants were consistent with
expectations based on tidal marsh biogeochemistry, decreasing with elevation loss (i.e.
increasing flooding depth and duration) and increasing with plant presence (Figure 1). The
increase in mean redox potential between the lowest and highest elevation mecososms (A =
198-235 mV, unplanted treatment; A = 90-155 mV, planted treatment) should have been large
enough to stimulate microbial respiration rates based on controlled redox studies (Yu and
Patrick 2003, Yu et al. 2007). Despite these expected responses, SOM decomposition in the
absence of plants was not sensitive to flooding depth and duration (Figure 3). This
counterintuitive result does not agree with our hypothesis, but it is consistent with a previous
study performed in three Chesapeake Bay tidal marshes (including the present site) that used a
membrane bag technique to quantify SOM decomposition rates (Kirwan et al. 2013).

Perhaps the most likely explanation for the insensitivity of SOM decomposition to
flooding depth and duration is O, limitation. Redox potentials at 10 cm depth in the unplanted
mesocosms were always <100 mV, suggesting that O, availability was limited in the absence of

plants across all flooding treatments. It is possible that high water retention in the organic soils
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used in our study limited O, diffusion even in the less frequently flooded mesocosms of the
high elevation treatment (Rawls et al. 2003). Indeed, sapric organic soils (similar to the soil in
this study) have been shown to have low water yield coefficients (i.e. the quantity of water that
drains when the water level falls) and low hydraulic conductivity (Boelter 1969). A related
point is that redox was measured only in the top 10 cm and did not represent the decomposition
environment of most of the soil in our 70-cm-deep mesocosms; the influence of flooding depth
and duration on redox is expected to decrease with increasing soil depth. Finally, it is not clear
that SOM decomposition rates should have been sensitive to O, availability given the fact that

SOM is recalcitrant by our operational definition.

Other mechanisms regulating SOM decomposition responses to sea level

SOM decomposition rates are controlled by a number of factors other than redox potential and
the presence of plants that were not directly evaluated in the present study. For example, carbon
quality can sometimes induce greater variation in litter decomposition rates than hydrology
(Hemminga & Buth 1991). The SOM harvested from a depth of 50-100 cm for the present
study was presumed to be quite recalcitrant under anaerobic conditions because of its age, but
the large increase in decay rates in the presence of plants indicates that these aged SOM
compounds were quite sensitive to biogeochemical phenomena in the rhizosphere.

Sulfate is the dominant alternative terminal electron acceptor in these iron-poor soils,
and there is growing evidence that SO, availability may regulate SOM decomposition rates
(Weston et al. 2006, Craft 2007, Sutton-Grier et al. 2011, Morrissey et al. 2014). It is possible
that the negative effects of an increase in flooding on aerobic SOM decomposition were offset
by the positive effects of an increase in SO, availability.

Although we did not measure soil moisture and porewater salinity, SOM decomposition
may have declined at high elevation despite higher redox potentials as a consequence of
suboptimum moisture levels and the accumulation of salts decreasing microbial activity.
Specifically, phenol oxidase activity may have been inhibited in the relatively dry, high
elevation treatments, causing phenolic compound concentrations to increase and microbial
exoenzyme activity to decrease at the soil surface (Toberman et al. 2008). Finally, the relatively
small priming response in the high elevation mesocosms may have been caused directly by the
effects of dry soil conditions on microbial activity (Kuzyakov 2002), rather than by the effects
of reduced plant biomass on the supply of labile carbon or O,. However, we concluded that

drying was not a major driver of the priming process because the plant biomass-priming
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relationship held even when data from the high, drier elevation were excluded. The influence of

these mechanisms on SOM decomposition responses to flooding requires additional research.

Implications for modeling tidal marsh elevation and stability against sea level rise

Widely used tidal marsh elevation models treat SOM decomposition differently and none
incorporate feedbacks between flooding duration and depth and decomposition rates (Rybzcyk
and Callaway 2009). The Callaway model (Callaway et al. 1996) and the modification named
WARMER (Swanson et al. 2014) simulate burial by varying SOM decay rates as a function of
age and soil depth, but there is no feedback between flood duration and decomposition rate.
SOM decomposition rates respond only to temperature in the Kirwan and Mudd (2012) marsh
elevation-carbon model. The Marsh Equilibrium Model (MEM) of Morris et al. (2002) adds a
constant fraction of annual primary production to the SOM pool, which means that SOM
storage (the inverse of decomposition) effectively varies only indirectly as a function of
flooding on plant production. Our results suggest that SOM decomposition rates do vary with
relative sea level, but the flooding-decomposition response curve may not be a simple
monotonic decrease in rate with increasing flooding.

The present study was inspired by the fact that MEM is able to simulate an accurate soil
carbon profile for our long-term study site (J. Morris, pers. comm.) based only on a plant
production-flooding relationship. Here we interpret the positive linear relationship between
aboveground plant biomass and SOM decomposition rate as evidence that plant production
regulates microbial activity. An important implication of this relationship is that the flooding-
SOM decomposition response curve should mirror the flooding-plant production curve. If so,
MEM could be expected to generate an accurate soil carbon profile despite the lack of a
flooding-SOM decomposition feedback, but only by overestimating carbon inputs through
belowground production.

SOM decomposition in the presence of plants did not significantly differ between the
mid-elevation mesocosms (mean soil elevation £ 0 cm relative to our reference marsh) and
low-elevation mesocosms (mean soil elevation -15 c¢cm) despite differences in flooding depth
and duration. Based on this, we conclude that increased flooding due to RSLR will have a
negligible impact on SOM decomposition, supporting the conclusions of Kirwan et al. (2013).
However, we also demonstrate that SOM decomposition rates can be tightly coupled to the
aboveground biomass-flooding response over a large range of elevations. Considering the sharp

decrease in aboveground production with larger differences in relative elevation than we tested
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here (Kirwan and Guntenspergen 2012, Langley et al. 2013), we propose that SOM
decomposition will decline with plant production as marshes lose relative elevation. This may
increase the fraction of plant production that is ultimately sequestered as SOM. Further
research is required to determine the extent to which declining SOM decomposition rate will

offset declining belowground production at higher rates of RSLR.
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Supporting information (Chapter 3)

CH, flux and CH,4 oxidation measurements

For CH,4 flux measurements, gas samples were taken every 30 min (total five per mesocosm) on
four planted mesocosms per elevation (n = 4). Sampling followed the procedure for CO, flux
measurements. Samples were analyzed within six hours using a Shimadzu GC-14A gas
chromatograph equipped with a flame ionization detector (Kyoto, Japan). Emissions were
calculated as change in methane concentration over time.

To investigate the extent to which methane oxidation contributed **C-depleted CH, to
the **CO, pool, we measured methane emissions in 2012 in the presence of a specific inhibitor
of methane oxidation, methylfluoride (CHsF). The method was adopted with slight
modifications from Megonigal & Schlesinger (2002). Briefly, immediately following CO, and
methane flux measurements (pre-treatment measurements), CHsF was added to the headspace
of closed flux chambers to a concentration of 1.5%, and allowed to diffuse through plants and
soil for 12 hours. After venting the chambers for 1-2 hours, post-treatment measurements were
conducted using the same procedure as described for the pre-treatment measurements. A
second set of post-treatment measurements were conducted after 24 hours to observe the extent
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to which methane oxidation activity returned once the methyl fluoride-driven inhibition of
methanotrophy had been removed.
Table S1 Mean methane (CH,;) flux, total mesocosm C flux, and CH, oxidation as calculated from the

difference between pre- and post-CHsF treatment CH,4-flux measurements on planted mesocosms in 2012. P-
values are for one-sided paired t-tests between pre- and post-treatment measurements

Elevation CH, flux Total C flux CH, flux CH, oxidation
[umol m?h™] [umol m?*h™] [% of total C flux] [% CH4 flux]

high 91.1 13102.3 0.7 0* p>0.1

mid 129.7 21801.7 04 376 p>05

low 59.5 15159.2 0.6 56.6 p<05

* Includes negative values

Comparision between tissue 6*C and *3C of dark respired CO; in S. americanus

Schoenoplectus americanus was harvested in the adjacent marsh during the second half of June
2013. To prevent damage to the root system, soil of approximately 6 L containing roots and
rhizomes was retrieved along with 5-8 shoots using a square shovel at each sampling spot.
Plants were washed free of soil and kept in hydroculture for a period of 5-7 days, then roots and
rhizomes were again thoroughly rinsed using deionized water prior to CO, flux measurements.
Flux measurements followed the CO, flux procedure used on the marsh organ mesocosms.
Plants were transferred to opaque PVC flux chambers (8-12 plants per flux chamber, n = 5).
Flux chambers were capped on both ends and flushed with CO,-free air. When CO,
concentrations exceeded 1500 ppmv, gas samples were sampled through a rubber septum using
a 20-mL polyurethane syringe, then transferred into N,-flushed and evacuated 12-mL Exetainer
storage vials (Labco, UK). Gas samples were analyzed for §*3C in CO, at the Stable Isotope
Facility of the University of California, Davis. Immediately after gas sampling, plants were
separated into aboveground and belowground biomass and dried at 60°C to constant weight.
Aboveground and belowground material was then ground and analyzed for 8°C at the

Smithsonian Stable Isotope Mass Spectrometry Facility, Suitland, MD.
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Man-made blue carbon: short- and long-term carbon

sequestration in artificial salt marshes of the European Wadden Sea

Under Review for Ecological Applications

Peter Mueller, Nils Ladiges, Alexander Jack, Gerhard Schmiedl, Lars Kutzbach, Kai Jensen, and
Stefanie Nolte

Abstract

Salt marshes and other “blue carbon” ecosystems have been increasingly recognized for their
carbon-sink function. Yet, an improved assessment of both organic carbon (OC) stocks and C
sequestration rates is still required to include blue C in C-crediting programs. Particularly the
variability in long-term rate and permanence of sequestration across systems and regions, and
the potential of artificial ecosystems for C sequestration, such as constructed and restored tidal
wetlands, requires an improved understanding. This study reports on C sequestration in the salt
marshes of the UNESCO world-heritage site of the European Wadden Sea and provides first
data on short (years), mid (decades), and long-term (centuries) C sequestration in man-made
blue C systems. We studied C sequestration in three mainland marshes conducting deep (1.3 m)
sampling and regular surface accretion measurements in combination with available historic
accretion data based on radionuclide dating. Different ecosystem stages were identified by the
down-core distribution of foraminifera and C stable-isotope analyses. Although large amounts
of OC are lost down-core in the well-aerated marsh soils, long-term and mid-term C
sequestration rates (1.12-1.49 Mg C ha™ yr, respectively) are in range with rates reported from
other blue C systems. Our study emphasizes the importance of deep sampling in combination
with long-term accretion records and knowledge on ecosystem development to avoid vast
overestimation of C sequestration and OC stocks in temperate marsh systems with
decomposition maintained deep in the profile. Despite large differences in top soil OC contents,
elevation, and other factors, we demonstrate remarkably similar mean OC densities across sites
after few decades of ecosystem development. If this finding is applicable to other tidal wetland
systems within a given regional context (i.e. within one estuary), it has important implications
for modeling long-term C sequestration in young artificial sites such as constructed or restored
tidal wetlands.
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Introduction

Salt marshes and other vegetated coastal ecosystems, such as mangroves and seagrass beds,
have been increasingly recognized for their carbon-sink function in recent years. In these “blue
C” ecosystems, rates of C sequestration exceed those of most other ecosystem types, because
slow rates of organic matter decomposition co-occur with high rates of organic matter input,
through both autochthonous primary production and import of allochthonous organic matter
(Duarte et al. 2005, Bridgham et al. 2006, Mcleod et al. 2011). Furthermore, regular sulfate
inputs through seawater effectively suppress methane production and consequently emissions,
thereby improving the greenhouse-gas (GHG) balance of coastal ecosystems (Poffenbarger et
al. 2011). Therefore, protection, restoration, and construction of blue C ecosystems as GHG-
offset activities are of high interest for policy makers in the context of C crediting and climate-
change policy (Nellemann et al. 2009, Callaway et al. 2012). Yet, such measures should be
based on a thorough understanding of processes in these ecosystems.

The understanding of factors controlling C sequestration in coastal ecosystems has
greatly improved over recent years. For instance, efforts have been devoted to explore the
effects of land use, disturbance, and management on C sequestration (Yu and Chmura 2009,
Macreadie et al. 2013, 2017, Kauffman et al. 2014, Elschot et al. 2015). Further research was
focused on the effects of invasive species (Martin and Moseman-Valtierra 2015, Mueller et al.
20164, Bernal et al. 2017) and global change factors such as sea level rise (Kirwan et al. 2013,
Mueller et al. 2016b), elevated concentration of atmospheric CO, (Langley et al. 2009, 2013),
or rising temperatures (Kirwan and Mudd 2012) on primary production, soil organic matter
decomposition, and GHG emissions to estimate the extent to which rates of C sequestration
may change in future. However, in order to include blue C in C-crediting programs, an
improved assessment of both current OC stocks and sequestration rates is still required (Mcleod
et al. 2011), particularly with respect to the areal extent of blue C ecosystems and variability in
long-term rate and permanence of sequestration across ecosystem types and regions
(Nellemann et al. 2009, Mcleod et al. 2011, Saintilan et al. 2013, Ewers Lewis et al. 2017).

Carbon sequestration in blue C systems is typically described by the product of OC
density of the soil or sediment (g OC cm™) and accretion rate (cm yr) of the system (Chmura
et al. 2003). Unlike most terrestrial soils, which become OC-saturated over time (Schlesinger
and Lichter, 2001), soils or sediments of blue C systems build up vertically with rising sea
level. As a consequence, these ecosystems can keep up C sequestration over millennia, leading

to rates of long-term C sequestration per area that exceed those of terrestrial climax systems by
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orders of magnitude (Mcleod et al. 2011). Differences in C-sequestration rate between blue C
and terrestrial systems consequently depend on the time period considered, with increasingly
higher rates in blue C vs. terrestrial systems over time. Therefore, it is important to always
relate rates of C sequestration to the time period considered. For instance, credits for blue C are
likely to apply to OC that is removed permanently or over centuries, but not to OC that is
dissimilated and returned to the atmosphere over shorter time periods (Crooks et al. 2010,
Sifleet and Murray 2011, Callaway et al. 2012, Murray 2012).

The distinction between deep long-term (centuries-millennia) and surface short-term
OC accumulation (months-years) is necessary, however, surprisingly often left unconsidered.
For instance, a considerable amount of data on which estimates of global blue-C sequestration
rates are based stems from studies using feldspar-horizon techniques (e.g. Chmura et al. 2003
and references therein), thereby only assessing the OC density of the top (usually <20cm)
soil/sediment. For systems in which OC density and content are relatively stable with soil
depth, such shallow assessments are usually sufficient because long-term sequestration and
surface OC accumulation should not substantially differ. If larger amounts of OC are
continuously lost in deeper soil horizons (Cahoon et al. 1996, Connor et al. 2001, Wang et al.
2011, Livesley and Andrusiak 2012), however, deeper sampling is required and distinctions
between short-term and long-term C sequestration over different time periods are necessary in
order to avoid overestimation (Saintilan et al. 2013, Kelleway et al. 2016).

The present study provides first data on short- and long-term C sequestration for the salt
marshes of the UNESCO world-heritage region of the European Wadden Sea (WS). The salt
marshes of the WS region account for approx. 20% of the European salt-marsh area (Doody
2008). Among these, the salt marshes on the mainland coast are mostly artificial systems which
have been constructed for means of land reclamation in the late 19" and early 20" century
(Hofstede 2003, Esselink et al. 2009). To our knowledge, there are no reports on long-term C
sequestration for artificial systems such as constructed or restored tidal wetlands available yet,
because most of these systems are simply too young for long-term assessments (Craft et al.
1999, 2003, Callaway et al. 2012, Ballantine and Schneider 2014). The WS salt marshes
therefore provide a unique system to study man-made blue C.

Yet, for these artificial WS salt marsh systems, the separation of surficial OC
accumulation and long-term C sequestration may be particularly relevant. Firstly, OC content
and density are not expected to be stable with depth. Surface accretion in these minerogenic

systems depends on inputs of mineral sediments as opposed to persistence of organic matter in
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organic marshes, therefore declines in organic-matter content with depth are less relevant for
marsh stability against sea level rise in these systems (Allen 2000). Indeed, a large fraction of
the organic matter feeding the OC pool is of allochthonous origin and may be rapidly
decomposed upon deposition. Therefore, it is possible that a considerable amount of
allochthonous material in the top soil is lost with soil depth (Saintilan et al. 2013). Furthermore,
WS marshes are situated relatively high in the tidal frame, which leads to oxidizing conditions
in the top soil and substantive rates of decomposition (Allen 2000, Mueller et al. 2017).

The determination of long-term C sequestration rates is additionally challenging
because these young and rapidly developing systems have undergone several vegetation shifts
in the course of ecosystem succession over the last 80-120 years. However, predictions of long-
term C sequestration rates should be based on a stable/mature ecosystem stage. C sequestered
during early developmental stages (i.e. the pioneer zone) may be relevant for stock estimation,
yet reveals little information for the actual rate of long-term sequestration. The identification of
these different successional stages down-core is crucial to interpret possible changes in OC
density and content. Furthermore, accretion rates may have varied considerably during different
developmental ecosystem stages (van Wijnen and Bakker 2001). Thus, knowledge on accretion
rates during early marsh development and their relation to accretion rates of the mature/stable
ecosystem stage is equally important as knowledge on changes in OC density for a precise
assessment of C sequestration in young systems.

The aim of this study is to test the predictability of both OC density down-core and
accretion over time, and consequently short- and long-term C sequestration rates in young,
artificial salt-marsh systems. We hypothesize first (i), that OC contents and thus also OC
density will decrease down-core and stabilize at a certain depth at which decomposition is
suppressed by low redox potentials or increasing recalcitrance of the remaining organic
material. Consequently, rates of short-term C sequestrations that are based on OC density of the
top soil will be substantially higher than rates based on deeper assessments (i.e. mid- and long-
term C sequestration), if stable rates of accretion are assumed. We hypothesize second (ii), that
accretion during early ecosystem development was higher (van Wijnen and Bakker 2001,
Butzeck et al. 2014) than current rates, thereby partially counterbalancing the effect of

decreases in OC density down-core on C sequestration.
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Methods

Study sites and accretion record

The study was conducted in three artificial mainland salt marshes along the German WS coast
in the Wadden Sea National Park Schleswig-Holstein. All marsh sites have traditionally been
used for livestock grazing. Since the foundation of the National Park in 1985, grazing has been
abandoned in some parts of the sites, yet, has been sustained as a nature-management practice
in others (Esselink et al. 2009).

The Dieksanderkoog marsh (DSK) is situated at the outer mouth of the Elbe estuary.
The adjacent sea wall was built in 1935 for land reclamation, and construction of brushwood
groins and ditching in the mudflat led to high sedimentation rates and a rapid growth of the salt
marsh that today extends approx. 2 km from the seawall to the mud flats. The marsh elevation
ranges from 1.2 to 2.8 m NHN. Tidal range in the area is 3.0 m with a mean high tide at 1.62 m
(BSH, 2011, Muller et al. 2013).

The Westerhever marsh (WH) is situated on the peninsula of Eiderstedt. It is part of a
larger marsh complex in the Tumlau Bay. In 1897, a small patch of naturally developed salt
marsh of approx. 3 ha, separated from the mainland by a tidal creek, was accessed through dam
construction. Damming and ditching activities led to a rapid increase in salt-marsh area to at
least 161 ha until 1909. Today the marsh extends approx. 1 km from the seawall to the mud
flats and covers an area of approx. 250 ha. The marsh elevation ranges from 1.5 to 2.4 m NHN
at a tidal range of approx. 3 m with mean high tide at 1.45 m NHN (Peiter 2002, BSH 2011).

The Sonke-Nissen-Koog marsh (SNK) is situated in the North of the National Park. The
adjacent sea wall was built in 1924, and the salt marsh began to develop. Today, the
marsh extends approx. 1 km from the seawall to the mud flats and has an elevation between
0.9 and 2.6 m NHN at a tidal range of 3.4 m with mean high tide at 1.59 m NHN (BSH 2011,
Miiller et al. 2013).

In all three marsh sites, annual measurements of surface elevation are conducted using
Sedimentation Erosion Bars (SEBs; Nolte et al. 2013a) since 2006 at DSK and SNK and since
2008 at WH, allowing calculation of current accretion rates. For WH, additional accretion data
obtained from regular leveling campaigns since 1998 is available (Stock 2012). For the
assessment of historic accretion rates at DSK and SNK, **’Cs dating was conducted in deep soil
cores that were taken directly next to the SEB positions in 2006 (Nolte et al. 2013b). The
available historic accretion data for WH is based on **’Cs dating of a soil core taken in an

adjacent marsh patch of the Timlau Bay in 2013 (Muller-Navarra et al. unpublished) (Figure
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S1). In all soil cores, **'Cs peaks of two historic events could be identified: an upper
peak caused by the Chernobyl disaster of 1986 and a deeper peak caused by nuclear bomb
tests during the 1960s that had their maximum in 1963 (Kirchner and Ehlers 1998).

Sampling and elemental analyses

Duplicate soil cores of 130 cm depth were taken within grazed areas of each site in order to
sample a profile that has developed under the same land use or management over time. Cores
were taken in April 2016 within 2 m of the SEB positions. We used an Eijkelkamp peat
sampler with a 50-cm long, 500-cm? shuttle head (equipment that is usually used for sampling
of peat soils, e.g. bogs or organic marshes) for our mineral-dominated marsh soils. As the peat
sampler cuts side-wise into the soil profile, the technique allowed for uncompacted
and undisturbed sampling (Jowsey 1966). Soil cores were sliced into eight increments of 5
cm (top 40 cm), 5x10 cm (40-90 cm), and 2x20 cm (90-130 cm).

Bulk density and OC content were determined to calculate OC density. Samples were
dried at 105°C for 72 h and weighed to determine bulk density. OC contents were determined
using a total carbon analyzer (liquiTOC I, Elementar, Hanau, Germany).

In order to assess origin of the accumulated organic matter (autochthonous vs.
allochthonous sources), we determined OC/N ratios and "°C (Khan et al., 2011). Total nitrogen
(N) for calculation of OC/N ratios was analyzed using an element analyzer (VARIO Max Cube,
Elementar, Hanau, Germany). 5">C was analyzed using an isotope-ratio mass spectrometer (New
Horizon, HEKAtech, Wegberg, Germany). Results are given in &-notation vs. VPDB and
measurements were calibrated using the international standard caffeine. §'3C was assessed in one

core per site.

Down-core identification of successional ecosystem stages

The identification of different successional stages down-core is crucial to interpret changes in
OC density and content. In the present study, we utilized the down-core distribution of
foraminifera because their abundance and species composition exhibits a distinct vertical
zonation in salt marshes relative to the tidal frame (Scott and Medioli 1978, Edwards et al.
2004). Between 3.0 and 3.5 g dry sediment/soil was washed over a 63-pum sieve and the residue
>63 um was dried and inspected for benthic foraminifera under a stereo microscope. Drying of

samples may result in the destruction of fragile agglutinated tests (Scott and Medioli 1980);
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however, the frequent occurrence of fragile tests of Jadammina macrescens in the studied salt-

marsh samples indicated a reasonable representation of agglutinating taxa.
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Figure 1 Grain-size distribution (white = sand; gray = silt; black = clay), organic C/N ratio, 8**C of the organic
material, and relative abundance of different foraminiferal taxa (black = indicators for mud flat; gray = indicators
for salt marsh; white = indicators for high marsh) with soil depth in three artificial Wadden Sea salt-marsh sites
Dieksanderkoog (DSK), Westehever (WH), and Sonke-Nissen-Koog (SNK). Triangles on the right indicate depth
of 1986 and 1963 **'Cs peaks. The darker gray area of each panel indicates the depth zone of the former mud flat,
the lighter gray area indicates the transition zone between mud flat and salt marsh (i.e. pioneer zone), and the
white area indicates the salt-marsh zone of the profile. Shown are mean values + SD of duplicate cores for grain-
size distribution and OC/N ratio. 8**C and foraminiferal data are based on single cores. The species names of
foraminifera are: Balt = Balticammina pseudomacrescens, Jad = Jadammina macrescens, Troch = Trochammina
inflata, Elph wil = Elphidium williamsoni, Hay = Haynesina germanica, Amm = Ammonia batava, Elph ex =
Elphidium excavatum.
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If present, between 50 and 100 individuals were counted, which provides a confident estimate
of environmental changes based on the overall low diversity of tidal-flat and salt-marsh
foraminiferal assemblages (Fatela and Taborda 2002). The species designation was mainly
based on Gehrels and Newman (2004) and Miller-Navarra et al. (2016). The down-core
distribution of foraminifera was assessed in one core per site.

High percentages of the hyaline species Ammonia batava, Elphidium williamsoni,
Haynesina germanica, and Elphidium excavatum indicate the depth zone of the former mud flat
in all three marsh profiles (Muller-Navarra et al. 2016; Figure 1). In turn, high percentages of
the agglutinating species Jadammina macrescens and Trochammina inflata are indicators for
the vegetated salt-marsh system (Gehrels and Newman, 2004, Muller-Navarra et al. 2016;
Figure 1). Between these clearly identifiable zones, a zone of 10-20 cm with intermediate
abundances of both groups indicate the transition between mud flat and salt marsh, which is
considered as pioneer zone here (Figure 1). Only at DSK, Balticammina pseudomacrescens is
moderately abundant in the top soil (10 cm), indicating the zone of the less frequently flooded
high marsh (Alve and Murray 1999, Gehrels and Newman 2004). The absence of this species at
SNK and WH is in accordance with the current low-marsh vegetation in these sites, dominated
by Puccinellia maritima. Contrary, Festuca rubra, a high-marsh plant species, is dominant at

DSK.
Grain-size distribution was anticipated to be an additional indicator for ecosystem stage,

as the fraction of larger particles (i.e. sands) is often greater in the lower elevated, early
developmental ecosystem stages (i.e. pioneer zone) than in the higher elevated, late stages (i.e.
high marsh) (Allen 2000). Grain-size fractions <63um (silt fractions and clay) were
determined on an automated sedimentation analyzer system (SEDIMAT 4-12, UGT,
Mincheberg, Germany). Sand fractions were determined on a sieve shaker (Retsch, Haan,

Germany).

Data Analysis

Rates of C sequestration were calculated by multiplying OC density [g OC cm™] (product of
OC content [%] and bulk density [g cm™]) with accretion rate [cm yr']. We base our
calculations on three quantification periods: 1.) Short-term C sequestration is based on the OC
density of the top soil (5 cm) and current (SEB based) accretion rates. OC density for the
calculation of C sequestration over (2.) 30- and (3.) 53-year quantification periods, here

classified as mid-term, are based on the mean OC density above the *'Cs peaks for the years
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1986 and 1963, respectively, calculated dividing the total amount of OC [g] by the volume of
the core [cm®] above the respective peak. The 30-year and 53-year accretion rates are calculated
by dividing peak depth [cm] by time [years].

In order to test if OC density, accretion rate, and C sequestration depend on the
quantification period, we compared mean OC density, mean annual rates of accretion, and C
sequestration of the three defined time periods (short-term, 30 years, and 53 years) using
Friedman’s ANOVA. Additionally, stable regions of OC density down-core within the marsh
zone of the profiles were assessed visually. This stable minimum OC density describes the
value that mean OC densities integrating over long-term periods (e.g. centuries-millennia)
approach and it is therefore used to estimate minimum or long-term C sequestration.

In order to identify important predictors other than time/depth on OC density, we
conducted linear and non-linear regression analyses to test for relations between grain-size
distribution, 5*C, OC/N, OC content, bulk density, and OC density. Analyses were conducted
in Microsoft Excel 2010 (Microsoft, Redmond, WA, US) and STATISTICA 10 (StatSoft,
Tulsa, OK, US).

Results

Identification of ecosystem stages and OC sources

Different ecosystem stages down-core could be identified quantifying the relative abundance of
foraminiferal taxa (Figure 1). Additionally, at DSK and WH, sand contents are considerably
higher and clay contents lower in the mud-flat zone of the profile compared to the salt-marsh
zone. Differences in grain-size distribution between salt-marsh and mud-flat zone are not
distinct at SNK.

Down-core changes in the stable OC-isotope composition and OC/N ratio, as potential
indicators of organic-matter source, show few consistent patterns across sites. At all three sites,
OCI/N ratios are higher in the mud flat zone (10-18) than in the top soil (8-12). While the net
change in OC/N from top soil to mud flat is >6 at DSK, net changes are <4 and <2 in the
profiles of WH and SNK, respectively. However, OC/N ratios down-core reveal little
information on the ecosystem succession.

At DSK, abrupt changes in 8'3C down-core coincide with the transitions from mud flat to
pioneer zone and from pioneer zone to low marsh as based on the foraminiferal records. In the
profiles of WH and SNK, relations between the foraminiferal record and 8'*C are less

pronounced. Generally, OC of the top soil is more 1*C depleted (-26 to -28%o) compared to the
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zone of the mud flat (>-24%o; Figure 1). While *C enrichment occurs in the top 15 cm of the
DSK and WH profiles, little change in §*°C is detectable in the top 15 cm of the SNK profile
(Figure 1). Overall, organic matter that accumulated since 1963 in the DSK profile is more *C
depleted than that in the WH and SNK profiles (Figure 1). Organic matter that accumulated
before 1986 in the SNK profile is less **C depleted than the organic matter that accumulated
after 1986. In comparison, the §"3C of the organic matter in the WH profile remains relatively
stable for >10 cm above the 1986 mark (Figure 1).

Factors controlling OC content, bulk density, and OC density down-core

Organic C density is the product of OC content [%] and bulk density [g cm™]. In order to
identify factors controlling OC density down-core, it is therefore necessary to identify the
factors affecting OC content and bulk density.

Bulk density is predominantly controlled by OC content, with OC content explaining
>90% of the variability in bulk density (Table 1). OC content considerably deceases with soil
depth in all three marshes from 6-8% in the top soil down to 0.1-1.5% in the mud flat zone,
whereas bulk density increases from 0.5-0.7 g cm™ to 1.2-1.9 g cm™ (Figure 2).

The strongest predictor for OC density is OC content, explaining >95% of the
variability in OC density (Table 1). Similar to OC content, OC density decreases considerably
with depth (Figure 2). In the profiles of WH and SNK, regions of both stable OC content and
OC density within the salt-marsh zone of the profile are clearly discernible. In the WH
profile, OC content and density are stable between 40 and 80 cm depth (mean + SD:
1.51 + 0.12%; 0.018 + 0.002 g cm™). In the SNK profile, OC content and density are stable
between 25 and 60 cm depth (2.12 + 0.17%; 0.022 + 0.001 g cm™®). The salt-marsh zone
of the DSK profile is shallow compared to WH and SNK. Still, within this shallow marsh
zone in the profile, OC content and density tend to stabilize at 20 cm down to 35 cm
(mean + SD: 1.08 + 0.09%; 0.015 + 0.001 g cm™).
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Figure 2 Organic C content [%], OC density [g cm™], and bulk density [g cm™] with soil depth in three
artificial Wadden Sea salt-marsh sites Dieksanderkoog (DSK), Westehever (WH), and Sonke-
Nissen-Koog (SNK). Triangles on the right indicate depth of 1986 and 1963 *’Cs peaks. The darker
gray area of each panel indicates the depth zone of the former mud flat, the lighter gray area indicates the
transition zone between mud flat and salt marsh (i.e. pioneer zone), and the white area indicates the salt-
marsh zone of the profile. Shown are mean values + SD of duplicate cores.
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Table 1 Linear and non-linear regression matrix: Lower left half presents R? values for relationships of best fit (based on linear, logarithmic,
exponential, and power functions) between the parameters (from: left to right): OC density (OCD) soil depth; OC content (OCC), bulk density,
sand, silt, and clay contents, 5"°C of the organic material, and OC/N ratio. Upper right half indicates the direction (+/-) of significant relationships.
ns = not significant at p > 0.05; log = logarithmic function ; pow = power function; lin = linear function; exp = exponential function. Strong
relationships with R? >0.5 are bold typed

OCD depth occC BD sand silt clay 13C OC/N
OCD - + - - + + - -
depth 0.712 log - + + - - + +
occ 0.961 pow 0.773 log - - + + - -
BD 0.8331log  0.669 pow 0.904 log + - - + +
sand 0.654exp 0.3571lin 0590 1log 0.529 lin - - ns +
silt 0.526 pow 0.336exp 0.443pow 0.349log 0.874lin + ns -
clay 0.714 pow 0.317exp 0.658pow 0.580log 0.879exp 0.679 pow ns -
13C 0.506lin  0.767log 0.536lin  0.392exp 0.007log 0.067 lin  0.035 log ns

OC/N 0.630 pow 0.273lin  0.6291log 0.556lin  0.767 pow 0.4101lin  0.743exp 0.054 lin




Also bulk density shows stable regions down-core. However, stable regions of bulk
density are not necessarily parallel to the stable regions of OC density. In the WH profile, bulk
density is stable between 15 and 35 cm (0.885 + 0.012 g cm™), which is located higher in
the profile than the stable region of OC content and density. In the SNK profile, bulk
density is stable between 20 and 40 cm (0.994 + 0.038 g cm™), partly overlapping with the
stable region of OC content and density (Figure 2). Only in the DSK profile, bulk density
stabilizes with OC content and density at 20 cm down to 35 cm (1.390 + 0.003 g cm™).

The high degree of inter-correlation between parameters (Table 1) makes it difficult to
construct models that include multiple predictor variables (e.g. multiple regression) to explain
OC density. Besides depth and OC content, bulk density is also strongly correlated (based on
r> >0.5) with sand and clay contents and the OC/N ratio (Table 1). OC contents are also
strongly correlated with §'*C, OC/N, as well as clay and sand contents (Table 1). However,
while sand and clay contents seem to be important predictors for the OC content over the
whole profile, there are no significant correlations between the two parameters and OC
content when considering the top 40 cm only, where >90% of the change in OC content

occurs (Figure S2).

Comparison of OC density, accretion, and C sequestration over time
Mean OC density decreases significantly with the quantification period and shows consistent
decline patterns across sites (Figure 3). Surface OC density, a value required for the assessment
of short-term C sequestration, is 0.040 + 0.008 g cm™ and shows high variability across
sites (Figure 3). In comparison to that, mean OC density integrated over 30 years is reduced
by 28% to 0.029 + <0.001 g cm™ and shows considerably less variability. Considering a time
period of 53 years, this value decreases again by 17% to 0.024 + <0.001 g cm™and
also shows surprisingly little variability across sites (Figure 3). Stable OC density, the
value required for the assessment of long-term C sequestration, is 0.018 + 0.003 g cm™ and
thus 45% (SNK) to >400% (DSK) higher than the stable OC density of the mud flat (Figure
2). In contrast to the changes in OC density over time, which are similar across sites, mean
accretion rates for the three time periods considered show large variation (Figure 3).

Thus, the constant decrease in OC density and the consistent pattern across sites seems
to be independent of accretion rate. While the DSK experienced a slight, but constant increase
in accretion rate from 0.64 cm yr™ over a 53-years period, 0.65 cm yr™ over 30 years, to

currently 0.85 cm yr™, the opposite is true for the WH site. Here, accretion over 53 years
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are colored by site: white = Dieksanderkoog (DSK); gray = Westerhever (WH); black = Sonke-
Nissen-Koog (SNK)



is 1.2 cm yr'’; however, the rate dramatically slowed down during the last two decades to
only 0.4 cm yr' as the current rate (compare Figure S1 for details on surface-elevation
developement of the WH site). The SNK also shows highest mean accretion of 1.1 cm yr*
over 53 years, whereas accretion over 30 years and current accretion is comparable to rates
at DSK (Figure 3).

Carbon sequestration results as the product of OC density and accretion rate. Because
accretion shows large variability across sites and no consistent pattern over time, also C
sequestration is not significantly affected by the time period considered (Figure 3). In each site,
considerable changes in C sequestration rate occur over the time periods considered. Thus,
short-term C sequestration ranges from 134-411 g C m™ yr™* and C sequestration over 53 years

ranges from 149-281 g C m™ yr'* (Figure 3).

Discussion

We show considerable declines in OC density down-core within the salt-marsh zone of the
profiles (Figure 2). Yet, stable or minimum OC density in the salt-marsh zone is at least 45%
(SNK) to >400% (DSK) increased compared to the mud-flat zone (Figure 2). Given that
accretion of the marsh system is at least equal to that of the mud flat, these values illustrate the
greater capacity of the vegetated ecosystem to sequester OC.

In accordance with our first hypothesis, OC content decreased significantly with depth
in all three sites, and consequently both mean OC content and density decline over time. This
decline in OC density is independent from changes in accretion rate over time (Figure 3).
Instead, it is due to the loss of organic matter down-core through unsuppressed decomposition
(compare: Kelleway et al. 2016, Schile et al. 2017), particularly in the top 15 cm of the profiles,
where >50% of the OC is lost (Figure 2). Continuous records of soil redox conditions in the
low-marsh zone of DSK support this notion. Soil redox is often oxic down to 15 cm and
occasional oxic events down to 30 cm occur during periods of low precipitation and low water
levels (Figure S3), thereby enabling aerobic microbial metabolism deep in the soil profile.
Increasing organic matter input in the course of ecosystem development could have also
contributed to the observed decline in OC content down-core. Indeed, data from a natural
zonation stretching from pioneer zone to high marsh at DSK show that top soil (5 cm) organic
matter contents increase along this gradient (4.7% in pioneer zone; 7.8% in low marsh; 11.6%

in high marsh; P. Mueller, unpublished data; also compare Elschot et al. (2015) for
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successional changes in top-soil OC contents). However, this increase is less steep than the
decline in OC content down-core as reported here. Furthermore, based on the foraminiferal
record and the present plant-species composition, our sampling positions at WH and SNK have
undergone only two major shifts in their ecosystem development: from mud flat to pioneer
zone and from pioneer zone to low marsh. More than the top 70 cm of the profiles consequently
represent low-marsh environments. We therefore suggest that changes in organic matter input
are only of secondary importance for the OC distribution down-core.

In contrast to our second hypothesis, which states that accretion rates are consistently
higher during early ecosystem development and decrease with ecosystem age (van Wijnen and
Bakker 2001, Butzeck et al. 2014), the observed changes of accretion rate over time were
highly variable between sites. While accretion at WH indeed slowed down in the course of
ecosystem development (Figures 3 and S1), the opposite seems to be true for the DSK site (Figure
3). Still, high mean rates of accretion exceeding 1.0 cm yr* were only observed for
quantification periods >30 years, indicating that such rapid rates may indeed be more typical for
early marsh development (van Wijnen and Bakker 2001). We therefore demonstrate that high
rates of accretion during early ecosystem development can counterbalance the effect of low OC
densities on C sequestration (Figure 3); however, this is not necessarily the case. As a
consequence, a priori estimates of long-term C sequestration for young developing or artificial blue

C systems are challenging and require precise regional-scale accretion models.

Regional scale applicability of OC density

Mid-term OC densities are remarkably similar after few decades of ecosystem development
only, despite large differences in top-soil OC contents, quality of the organic material, grain-size
distribution (Figures 1 and 2), site elevation, and plant-species composition (Table 2; Figure 3).
We suppose that this effect is either caused by the overriding effect of decomposition on OC
density in this system or by counterbalancing effects between primary production (or OC
input), accretion, and decomposition. That is, OC input seems to be highest at DSK and lowest at
SNK as evident by OC contents and densities of the top soil (Figure 2). At the same time, the
decline in OC content and density is steepest in the DSK profile and most modest in the SNK
profile: The OC content of the top 5 cm at DSK (7.9%) is 20% higher than at SNK (6.6%);
however, it decreases sharply by ~70% to 2.7% within the top 10 cm at DSK compared to only
~30% decrease to 4.5% at SNK (Figure 2). Thus, the positive effect of high primary production on
OC content and density at DSK seems to be counterbalanced with depth by higher rates of

66



decomposition. This co-occurrence of high primary production and high decomposition is
potentially driven by high levels of soil aeration favoring both production and decay in
temperate European marshes (Cooper 1982, Hemminga et al. 1991). Also, biomass-dependent
rhizosphere priming effects could have contributed to the effect (Mueller et al. 2016b).

Variability in stable or long-term OC density is slightly higher than in mid-term OC
densities, but still small compared to variance in top-soil OC density (Table 2). It is determined
by the depth at which decomposition stops due to recalcitrance of the material and/or
availability of terminal electron acceptors to support microbial metabolism (Megonigal et al.
2004). Because oxidizing conditions reach deep into the profile (Figure S3) only a small
fraction of primary production and allochthonous organic matter input can remain with depth
(Figure 2), which leads to similar values of stable OC content and density. Indeed, stable OC
density (converted from organic matter density following Craft et al. (1991)) in the grazed
mainland salt marsh site of Noord Friesland Buitendijks, NL (Nolte et al. 2013b) is with 0.017
g OC cm™ not different to the values reported here, although the marsh is even younger than
the sites sampled in the present study, and large differences in mean bulk density and grain-
size distribution exist compared to our three sites (Nolte et al. 2013b).

We therefore suggest that our data on both mid-term (decades) and long-term
(stable/centuries) OC density are applicable to a large part of the Wadden Sea salt-marsh area,
potentially excluding very sandy systems or island marshes, and vyields important

implications for modeling and upscaling C-sequestration rates in the region.

Estimates of C sequestration in Wadden Sea salt marshes

Driven by the large variability in accretion rates over time, total amounts of sequestered C vary
considerably over short- and mid-term periods across our three sites (Figure 3). However, we
also demonstrate almost negligible variability in mid-term (Figure 3) and small variability
in stable (Figure 2) OC densities. This in combination with a representative mean accretion
value for the total mainland salt-marsh area would allow us to propose a realistic range for
rates of mid- and long-term C sequestration in the region.

Suchrow et al. (2012) determined accretion rates over 20 years in over 400 plots
between the Elbe Estuary and the Danish border (~200 km shoreline) across early and late
successional stages and report a mean accretion for the WS foreland mainland salt marshes of
6.2 mm yr. We use this value to estimate C sequestration for the type of mainland foreland

marshes that comprise with 20,560 ha approximately 50% of the total WS salt-marsh area and
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exclude island marshes, barrier-connected marshes, and polders (Esselink et al. 2009). Based
on our stable OC density of 0.018 g cm™ and an accretion of 6.2 mm yr™, long-term (century
scale) C sequestration is 1.12 tons C ha™ yr, resulting in a total annual rate of 22,950 tons C
yr' or 84,150 tons CO, equivalents yearly in the foreland marshes of the WS alone (Table 2).
Decennial scale C sequestration over a 53-year period results in 30,600 tons C yearly. In
comparison, short-term C sequestration based on the same mean accretion rate and the OC
density of the top soil results in 2.49 tons C ha™ yr' and in a total annual rate of 51,000 tons
1

yr~, and thus to an overestimation of >100% compared to the actual long-term rate of C

sequestration (Table 2).

Table 2 Carbon sequestration in the foreland mainland marshes of the Wadden Sea region. Values are
based on a mean accretion rate of 6.2 mm yr (Suchrow et al. 2012) and short-, mid-, and long-term
assessments of OC density. Time scales (Scale) refer to the potential permanence of the C

sequestartion
Assessment  Scale OC density C sequestration [tons per year]
[gcm™] per hectare mainland marsh area
mean SD mean SD mean min max
Short-term  years 0.040 0.008 249 050 51194 42644 61807
Mid-term decades
30 years 0.029 0.001 211 0.03 43382 42612 44216
53 years 0.024  0.000 149 0.02 30634 30183 31224

Long-term centuries 0.018 0.003 112 0.19 23027 19189 28144

Organic carbon sources

The distinction between allochthonous and autochthonous OC to the total OC pool is
potentially relevant for C crediting approaches, as the alternative fate of the allochthonous OC,
if it had not accumulated in the wetland soil, is unclear. Although quantification of the
contributions of different OC sources to the total soil OC pool is commonly conducted by
means of *C natural abundance and OC/N ratios (Bouillon et al. 2003, Khan et al. 2015), these
approaches are only insightful if large differences in both 8**C and OC/N exist between the two
sources (Khan et al. 2015). With the present data, we are not able to adequately quantify the
relative amounts of allochthonous versus autochthonous OC because considerable differences

in both 5°C and OC/N exist within the autochthonous source between aboveground and
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belowground biomass (delta §**C >2%o; delta OC/N >12) and deviations of the allochthonous
from the mean autochthonous 5°C end member are only moderate (approx. 4%o) (Mueller et al.
2017).

Considerable **C enrichment with depth as reported in the present study, but also
elsewhere (Wang et al. 2011, Saintilan et al. 2013), could point to at least three non-exclusive
processes: 1.) higher contributions of belowground vs. aboveground organic matter, because
belowground biomass is generally less *C depleted compared to aboveground biomass
(Ghashghaie and Badeck 2014). 2.) Higher contributions of less **C depleted allochthonous
organic matter (Middelburg et al. 1997). 3.) **C enrichment during aging and repeated cycling
of the organic material as generally found in terrestrial soil profiles (Bostrém et al. 2007, Kohl
et al. 2015).

In the present study, changes in 8**C down-core are not strictly continuous, but also
show stable regions. We therefore argue that aging and repeated cycling of the organic matter is
not the sole mechanism inducing *3C enrichment with depth. Furthermore, stable and less *C
depleted regions in the profiles of WH and SNK could be related to the high historic accretion
and allochthonous-input rates in these systems. For instance, organic matter that accumulated
since 1963 in the DSK profile is more *C depleted than that in the WH and SNK profiles
(Figure 1), potentially indicating a larger contribution of autochthonous organic matter to the
total organic matter pool in the overall slower accreting system of the DSK. Likewise, organic
matter that accumulated before 1986 in the SNK profile is less **C depleted than the organic
matter that accumulated after 1986, potentially indicating larger contributions of allochthonous
organic matter before 1986 when also accretion rates were considerably higher (Figures 1 and
3). Additionally, 5'*C of the organic matter in the WH profile remains relatively stable for >10
cm above the 1986 mark, while also accretion rates remained higher for a longer period
compared to SNK (Figures 1 and 3). We therefore suggest that greater contributions of
allochthonous vs. autochthonous organic matter down-core are an important factor determining
the observed shifts in '°C, and large relative differences in the organic matter source both
across sites and over ecosystem development exist that are likely attributable to differences and

changes in sedimentation and accretion rates.

Anthropogenic effects on carbon sources and accretion rates
The development of most WS mainland salt marshes relied on artificial drainage and accretion

enhancement techniques in the past (Hofstede 2003). While the frequent maintenance of the
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drainage-ditch system, which is characterized by the deposition of sediment from the ditches
onto the marsh (Hofstede 2003), does not seem to directly affect vertical accretion rates
(Esselink et al. 2009), effects on the input of allochthonous OC to the marsh surface cannot be
excluded. Patterns of grain-size distribution and OC/N ratio down-core are regular and show no
signs of large disturbances caused by potentially infrequent and excessive artificial deposition
events. Also, the 8*3C signature down-core shows little noise at DSK and WH. At SNK, in
contrast, relatively large variability in 8*3C between 20 and 40 cm could indeed point to effects
of infrequent artificial deposition events. The foraminiferal fauna of this interval contains a
considerable proportion of hyaline taxa suggesting either re-working of mud-flat sediments
during storm surges or re-deposition of material during maintenance of ditches. However, these
possible effects did not translate to changes in OC density or content in this section of the
profile. In fact, the consistent decline patterns of OC content and density with depth in all three
sites suggest that either the development of the profiles was predominantly regular (potentially
due to frequent maintenance of the ditch system), or that effects of only potentially strong and
infrequent events of additional sediment deposition are overridden by high rates of organic

matter decomposition.

Conclusion and Implications
The mainland salt marshes of the WS region are mainly artificial systems that could only
develop in their exposed, high-energy environments through accretion enhancement techniques,
like construction of brushwood groynes, and ditching which have been conducted since the
middle of the 19" century (Hofstede 2003). The original purpose for artificial salt-marsh
development was land reclamation for agricultural use, whereas the important role of salt
marshes for coastal protection and biodiversity support was recognized later on (Hofstede
2003). In the present study we demonstrate the large C-sequestration potential of these man-
made blue C systems. Although large amounts of OC are lost down-core in the well-aerated
marsh soils of the WS region, mid- and long-term C sequestration rates are well in range with
rates reported from other blue C systems (Mcleod et al. 2011) and clearly higher than those of
the surrounding un-vegetated inter-tidal system.

At the same time, our study emphasizes the importance of deep sampling in
combination with long-term accretion records and knowledge on ecosystem development (as
based on our foraminiferal record) in order to accurately assess and avoid vast overestimation

of C sequestration and OC stocks in blue C ecosystems. Finally, despite large differences in top
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soil OC contents, surface elevation, and other factors (Figures 1 and 2), we demonstrate
remarkably similar OC densities after few decades of ecosystem development in our three
sites. If this finding is applicable to other tidal wetland systems within a given regional
context (i.e. within one estuary), it has important implications for modeling long-term C
sequestration in young artificial sites such as constructed or restored tidal wetlands (Craft et
al. 1999, 2003, Callaway et al. 2012, Osland et al. 2012, Ballantine and Schneider 2014).

The WS salt marshes represent a powerful man-made C sink with an estimated OC
stock of 24.7 Mio. tons in the top 0.5 m of the foreland mainland marshes alone, if we base our
estimate on mid-term (53 years quantification period) OC density and the total foreland
salt-marsh area (Esselink et al. 2009). In the context of climate change mitigation, this
important ecosystem service should find consideration in future habitat-management
directives, specifically with regard to maintaining and increasing current expansion
rates of the salt-marsh area. Currently, the WS salt-marsh area is still expanding at rates
exceeding 200 ha yr* (Esselink et al. 2009), thereby yearly increasing the capacity for long-
term C sequestration by 224 tons C yr™ corresponding to 821 tons CO, yr*. Maintaining the
expansion of salt-marsh area therefore represents a promising measure for the reduction of net
CO, emissions, particularly with regard to the broadly announced society goal of “net zero”
CO, emissions since the Paris 2015 agreement (Rogelj et al. 2016).

Future research, in turn, should aim at quantifying the net impact of land-use cessation
(livestock grazing) on C sequestration (Schuman et al. 1999, Elschot et al. 2015). Although
livestock grazing considerably reduces the rate of organic matter decay (Mueller et al. 2017),
greater primary production in ungrazed systems (Morris and Jensen 1998) may counterbalance
this effect. However, since the abandonment of livestock grazing in most areas was initiated
only <30 years ago, long-term changes in C sequestration are difficult to assess. Further work
in island marshes and restored/de-embanked sites is needed to improve our estimates on C

sequestration for the entire salt-marsh area of the WS region.
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salt-marsh sites. Inlets show relationship within the top 40 cm of the soil profiles.
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Figure S3 Soil redox conditions in a low-marsh profile of the DSK site continuously measured between 26 June -
14 Aug in 15 cm (dark blue), 30 cm (light blue), , and 60 cm (red) soil depth. Color bar on the
right illustrates redox classes after Zhi-Guang (1985): Green = oxidizing (>400 mV); yellow = weakly reducing
(200 to 400 mV); orange = moderately reducing (-100 to 200 mV); red = strongly reducing (<-100 mV)

Methods summary: Pt-tipped redox probes were deployed in four depths. Values presented are means of 4
measuirng positions on each probe. Redox was referenced against an Ag/AgCl electrode in 3M KCI solution (214
mV vs. standard hydrogen electrode) and corrected for soil pH.
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BOX A Indicator of Reduction in Soils (IRIS) sticks:
pilot study in a Wadden Sea salt marsh

The IRIS technique has recently been developed to detect reducing soil conditions and quantify redox conditions in a
time- and cost-efficient manner (Jenkinson 2002, Castenson and Rabenhorst 2006). Due to rapidly changing
hydrological conditions, soil redox conditions are highly variable in tidal wetlands. Therefore, installation of
permanently measuring redox probes (i.e. Pt-tipped measuring electrode plus reference electrode) is required to
accurately assess redox conditions. If it is anticipated to assess redox in multiple positions and depths within
the wetland system, however, this approach is relatively time and cost consuming. As a potential alternative, I tested
if the IRIS technique is able to capture relative differnces in redox conditions in a Wadden Sea salt marsh:

Application and theory

e iron-oxide painted PVC is inserted in soils to characterize redox conditions with depths over
several weeks

e As water saturated soils become progressively reduced, microbes oxidizing organic matter will reduce solid
phase Fe(lll) (iron oxides) to soluble Fe(ll). This will dissolve and consequently remove the iron oxide
paint applied to the PVC surface, indicating reducing soil conditions (Rabenhorst 2008).

e Castensen and Rabenhorst (2006) demonstrated that the quantity of removed Fe(lll) and the indication of
reducing conditions is in well agreement with soil redox data.

Protocol, application, and evaluation

e Inthe present case study, | used finely sanded PVC pieces of 5x40 cm instead of PVVC pipe as in the original
protocol (Rabenhorst 2008).

e The laboratory procedure for paint preparation followed the original protocol (Rabenhorst 2006, 2008)

o IRIS sticks were inserted between Oct and Nov 2016 for a duration of six weeks in five zones (n = 3) along
an intertidal flat to salt-marsh ecotone at Dieksanderkoog, German Wadden Sea.

e Upon retrieval, IRIS sticks were gently cleaned, and IMG-file format images of the sticks were obtained
using an image scanner. Paint removal was evaluated using the open source software Fiji (ImageJ, GNU).

Results and implications

e Reducing conditions based on Fe(lll) removal could be detected within the top 5 and 20 cm in all five zones
except the Elymus athericus dominated high marsh (Figure 1 and image, right).

e Reduction within the top 5 cm was similar and highly variable across the four zones from intertidal flat to
Puccinellia martima dominated low marsh (Figure 1, top panel).

e Integrating over the top 20 cm, reduction was surprisingly low in the Salicornia dominated pioneer zone
(Figure 1, bottom panel).

e My initial results suggest that a clear gradient in reduction from intertidal flat to high marsh is not present in
the top 20 cm, however, is likely to establish in deeper assessments (image)

e The obtained results agree well with those obtained in parallel redox campaigns. Particularly, both
approaches suggest well-aerated conditions in the Salicornia and Elymus zones of the ecotone (Chapter 7;
Figure 3A).

e The approach may allow for the detection of small-scale patterns in oxygen availability, i.e. as caused by
bioturbation in anaerobic environments (image, tidal flat stick).

e This IRIS-stick approach has proven useful in capturing the relative redox conditions within a site and in
identifying reduction. Further work is required to calibrate IRIS against redox data.
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Top-down control of carbon sequestration: grazing affects

microbial structure and function in salt marsh soils
Published in Ecological Applications (2017)

Peter Mueller, Dirk Granse, Stefanie Nolte, Hai Thi Do, Magdalena Weingartner, Stefan
Hoth, and Kai Jensen

Abstract

Tidal wetlands have been increasingly recognized as long-term carbon sinks in recent years.
Work on carbon sequestration and decomposition processes in tidal wetlands focused so far
mainly on effects of global change factors such as sea level rise and increasing
temperatures. However, little is known about effects of land use, such as livestock grazing,
on organic matter decomposition and ultimately carbon sequestration. The present work
aims at understanding the mechanisms by which large herbivores can affect organic matter
decomposition in tidal wetlands. This was achieved by studying both direct animal-microbe
interactions and indirect animal-plant-microbe interactions in grazed and ungrazed areas
of two long-term experimental field sites at the German North Sea coast. We assessed
bacterial and fungal gene abundance using quantitative PCR as well as the activity of
microbial exo-enzymes by conducting fluorometric assays. We demonstrate that
grazing can have a profound impact on the microbial community structure of
tidal wetland soils, by consistently increasing the fungi-to-bacteria ratio by 38-42%,
and therefore potentially exerts important control over carbon turnover and
sequestration. The observed shift in the microbial community was primarily driven
by organic matter source, with higher contributions of recalcitrant autochthonous
(terrestrial) vs. easily degradable allochthonous (marine) sources in grazed areas
favoring relative fungal over bacterial abundance. We propose a novel and indirect form
of animal-plant-microbe interaction: top-down control of aboveground vegetation structure
determines the capacity of allochthonous organic matter trapping during flooding and
thus the structure of the microbial community. Furthermore, our data provide the first
evidence that grazing slows down microbial exo-enzyme activity and thus decomposition
through changes in soil redox chemistry. Activities of enzymes involved in C cycling
were reduced by 28-40%, while activities of enzymes involved in N cycling were not
consistently affected by grazing. It remains unclear if this is a trampling driven direct
grazing effect, as hypothesized in earlier studies, or if the effect on redox chemistry is
plant mediated and thus indirect. This study improves our process-level
understanding of how grazing can affect the microbial ecology and biogeochemistry of
semi-terrestrial ecosystems that may help explain and predict differences in C turnover and
sequestration rates between grazed and ungrazed systems.
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Introduction

In recent years, salt marshes and other tidal wetlands have been increasingly recognized as
long-term carbon sinks, sequestering organic carbon (OC) at rates exceeding those of most
other ecosystem types (Duarte et al. 2005, Mcleod et al. 2011). Carbon sequestration in tidal
wetlands depends on the rates of organic matter (OM) input (from both autochthonous and
allochthonous sources) and microbial OM decomposition, which is often assumed to be
inhibited under the prevailing reducing soil conditions (Kirwan and Megonigal 2013).

Recent work on carbon sequestration in tidal wetlands focused on effects of global
change factors, such as sea level rise (Kirwan et al. 2013), rising temperatures (Kirwan and
Mudd 2012), and salt-water intrusion (Morrissey et al. 2014). Land use and habitat
management of tidal wetlands, such as livestock grazing as conducted in large parts of the
European salt marsh area (Esselink et al. 2000, Bakker et al. 2002) and elsewhere (Yang et
al. 2008, Gedan et al. 2009, Di Bella et al. 2014) have not intensively been studied. They
could, however, greatly influence the capacity of these systems to sequester carbon
(Kauffman et al. 2014, Bhomia et al. 2016), thus yielding important implications for
management policies.

Indeed, previous studies suggested an impact of livestock grazing on the net C
balance of salt marshes. Morris and Jensen (1998) show lower rates of C sequestration in
grazed versus ungrazed parts of a mainland North Sea salt marsh, attributing this effect to
the removal of aboveground biomass and the resulting lower litter supply. Contrary to these
findings, Elschot et al. (2015) could demonstrate higher rates of C sequestration in cattle
grazed versus ungrazed parts of a back-barrier North Sea island marsh, giving two possible
explanations for the observed effect. On the one hand, higher belowground biomass
allocation under grazing could have increased OC inputs. On the other hand, lower soil
redox conditions in more compacted grazed soils could have decreased OM decomposition.
In order to understand the mechanisms causing such equivocal results, it is necessary to
separate the two factors influencing C sequestration, namely OM input through primary
production and microbial OM decomposition (Hackney 1987). Yet, in comparison to effects
of grazing on salt-marsh primary production and community composition (Reimold et al.
1975, Morris and Jensen 1998, Di Bella et al. 2014), very few studies investigated
mechanisms by which grazing could affect microbial processes leading to changes in OM
decomposition (but see Olsen et al. 2011, Ford et al. 2013). Livestock grazing can
potentially affect OM decomposition through both direct animal-microbe interactions and
indirect animal-plant-microbe interactions. Direct effects of grazing on microbial activity

and consequently decomposition rate could be induced by changes in soil aeration and
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redox conditions through trampling-driven soil compaction (e.g. Kauffman et al. 2004).
Indeed, grazing effects on soil redox conditions have been demonstrated for clay-rich salt
marsh soils (Schrama et al. 2013); however, an influence of grazing-induced changes in soil
redox on OM decomposition has so far only been proposed (Elschot et al. 2015) but not
demonstrated. Furthermore, soil redox is not necessarily related to OM decomposition rate
in tidal wetland soils (Kirwan et al. 2013, Mueller et al. 2016b). Direct grazing effects on
decomposition could additionally be induced by the return of highly decomposable
excretory products that increase labile C and N pools (Frank et al. 2000). However, the
input of excretory products is both spatially patchy and seasonally variable (Bakker et al.
2004). Furthermore, direct effects of excretory products on both microbial activity and
structure could often not be confirmed (Bardgett et al. 1998a, de Vries et al. 2006), making
it difficult to develop hypotheses about effects on decomposition processes.

Indirect grazing effects could play a crucial role in regulating various belowground
processes and ultimately OM decomposition (Bardgett et al. 1998b). Such plant mediated
processes affecting microbial activity or structure (animal-plant-microbe interactions) could
be particularly relevant in wetland systems. Here, plant-biomass parameters and certain
physiological and morphological plant traits have been identified as important biotic drivers
of decomposition in tidal wetlands (Neubauer et al. 2005, Wolf et al. 2007, Mozdzer and
Megonigal 2013), and, in fact, plant biomass-dependent rhizosphere priming effects are
a major control of decomposition rate irrespective of hydrology and redox conditions
(Guenet et al. 2010, Mueller et al. 2016b). Furthermore, shifts in plant-species composition,
biomass quality, and changes in litter accumulation can induce substrate control over both
microbial activity and community composition (Jones et al. 2004, Strickland and Rousk
2010). Given this overriding role of plant effects on decomposition in tidal wetland soils,
also top-down or consumer controls of plant community composition, biomass, and
biomass allocation (Schuman et al. 1999, Silliman and Zieman 2001, He and
Silliman 2016) could exert indirect but important control over decomposition processes.
First insight into these kinds of animal-plant-microbe interactions in wetlands came from
studies on effects of herbivory on methane production and emissions in freshwater lake
systems (Bodelier et al. 2006, Dingemans et al. 2011); however, little is known
about such indirect effects on OM decomposition or microbial activity per se.

The present study investigates the effect of livestock grazing on OM decomposition
by assessing microbial abundance, and microbial exo-enzyme activity (EEA) as the rate

limiting step of OM decomposition (Sinsabaugh et al. 1991). Although the investigation of
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EEAs allows one to distinguish between the decomposition of different OM types (e.g. as
opposed to C-flux measurements), these initial steps of decomposition are still poorly
understood in tidal wetland soils (Morrissey et al. 2013, Kirwan and Megonigal 2013). We
assayed enzymes involved in both C and N cycling in order to relate EEAs to potential
differences in substrate sources and quality in grazed versus ungrazed marshes. Considering
functional differences between fungi and bacteria, as the two major decomposer groups,
with fungi having a higher C-use efficiency, lower N demand, and greater ability to
decompose recalcitrant OM (van der Heijden et al. 2008, Strickland and Rousk 2010), we
quantified the abundance of both groups separately by assaying specific gene abundance
using quantitative polymerase chain reaction (QPCR). Quantifying the decomposition of
different OM types as well as major decomposer groups separately could be particularly
relevant to understand decomposition processes in coastal ecosystems. Here, autochthonous
and allochthonous sources of OM with large differences in substrate quality (Khan et al.
2015) contribute to different amounts to the total soil- or sediment-OM pool, thus shaping
the microbial community structure (Fagervold et al. 2014).

We hypothesized first that grazed marshes would support a lower fungal vs.
bacterial abundance than ungrazed marshes through both direct and indirect grazing effects.
As a direct effect, we hypothesized that grazing induced soil compaction lowers soil oxygen
availability and leads to more frequent events of hypoxia and anoxia, thereby
decreasing the abundance of fungi, which are assumed to be less adapted to anaerobic
conditions than bacteria (Bossio and Scow 1998, Chambers et al. 2016). Grazing
often reduces aboveground biomass and litter accumulation (Bakker et al. 1993, Olsen et
al. 2011, Ford et al. 2013) as a recalcitrant substrate source (high C/N, rich in
structural components compared to allochthonous marine organic matter (Baldock et al.
2004, Khan et al. 2015)) that is assumed to be more effectively degraded by fungal than
bacterial communities. As an indirect (plant mediated) effect, we therefore hypothesized
that grazing decreases the contribution of recalcitrant autochthonous OM to the soil OM
pool, thereby leading to a lower relative fungal abundance. Irrespective of potential
differences in OM quality and microbial structure between treatments, we
hypothesized second that grazing induced reductions in soil-oxygen availability would

have an overriding influence on decomposition rate by decreasing microbial EEA.
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Material and methods

Study sites and field-study design

The study was conducted from May to November 2015 in the high marsh zones of two
long-term experimental field sites. Both sites are minerogenic, meso-tidal North Sea
mainland salt marshes of the Schleswig-Holstein Wadden Sea National Park, Germany. A
rectangular network of creeks and ditches still reveals the artificial origin of the marsh sites
that were created for land reclamation in the early 20" century (Miiller et al. 2013). The
Dieksanderkoog marsh (DSK) is situated in the south of the National Park at the outer
mouth of the Elbe Estuary. The Sénke-Nissen-Koog marsh (SNK) is situated in the northern
part of the National Park, approx. 30 km south of the border to Denmark. Both marsh sites
were entirely grazed by sheep until 1988 and 1992 (SNK and DSK, respectively), when the
long-term field experimental sites were established and grazing was abandoned in distinct
areas of the marsh sites (Stock 2005). The high marsh of both sites is divided by a straight
central creek of 2-3 m width, separating a grazed from an ungrazed area. In each marsh, two
sampling locations separated by approximately 100 m and with different distance to the
seawall (landward/seaward) were defined on each treatment side of the central creek to
account for possible variability in land-sea direction. At each sampling location, n
= 5 sampling positions were defined in the grazed treatment and were mirrored on the
creek line to the ungrazed treatment, resulting in 10 sampling positions per treatment per
marsh site and a total of N = 40 sampling positions (Figure S1). Sampling positions were
in a distance of 2-36 m from the central creek. As micro-topographical site parameters,
surface elevation of sampling positions (using a laser level (Trimble, Sunnyvale, CA,
US)) and distance to creek were determined. Independent of sampling location, the
ungrazed treatment of both sites are homogeneously covered by the tall growing grass
Elymus athericus, while the grazed treatment of DSK and SNK are characterized by
short and homogeneous lawns of Festuca rubra and Puccinellia maritima, respectively
(Table S1). Compare Miiller et al. (2013) for a more detailed description of the study
area, aerial pictures, and maps of study sites.

Soil sampling and processing

Sampling took place from 27 May - 5 June 2015 before livestock had access to the sites
(approx. Jun-Nov). From each sampling position, one soil sample was taken as a core from
the top 5 cm using a volumetric steel ring (100 cm®). Aboveground biomass and litter were

removed prior sampling. Until further analysis, intact soil cores were kept frozen at -20°C
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within 8 h after sampling. A subsample of each core was homogenized by passing it through
a 2.5-mm sieve. This also removed coarser materials such as rhizomes. 20 g of the
homogenate was suspended in 20 mL deionized water and then mixed on an overhead
shaker. The resulting slurry was stored at -20°C and used as base material for further
analysis (DNA extraction, element and isotope analyses, EEA assays). The residual sample
was air dried at 65°C for 48 h and used to determine dry weight, bulk density, OM content,
and soil pH.

Soil redox chemistry

The effect of grazing on the oxidation-reduction state (redox) of the soil was assessed in situ
and used as a proxy for O, availability. Redox was measured at 5 cm depth within 50 cm of
each sampling position using a Pt-tipped redox electrode and an Ag/AgCl reference
electrode (ecoTech, Bonn, Germany) connected to a portable, high impedance redox- and
pH-meter (ecoTech, Bonn, Germany). Readings were corrected to the redox potential of the
standard hydrogen electrode (+207 mV) but not for pH, as a linear relationship between pH
and redox in soils is questionable (Mansfeldt 2003). Redox values were interpreted after
Zhi-Guang (1985) as oxidizing (>400 mV), weakly reducing (200-400 mV), moderately
reducing (-100 — 200 mV), and strongly reducing (<-100 mV). Soil redox is highly variable,
e.g. with changing hydrological conditions. In order to asses this variability, we measured
redox not only when soil samples were taken, but also on three additional occasions
between June and November 2015. Along with redox measurements, soil moisture was
measured in the same spots with a portable ThetaProbe TDR-probe connected to an HH2
readout system (Delta-T Devices, Cambridge, UK).

In order to interpret redox readings and assess the redox chemistry of the bulk soil
in more detail, soil pH was determined in CaCl, solution using an Eutech Instruments
pH probe (Thermo Fisher Scientific Inc., Waltham, MA, US) connected to an 18.82
multimeter (Eijkelkamp, Giesbeek, NL). 10 g of air dried soil was incubated in 25 mL 10
mM CacCl, solution for 1 h under continuous shaking. The measurement was taken

after all soil particles had precipitated and the solution was slightly turbid but transparent.

Plant-species composition and biomass parameters

Prior soil sampling, species composition and cover using Londo scale were assessed in 400-
cm? plots around each sampling point. As measures for the autochthonous production and
litter pool, aboveground biomass was assessed as after-season standing biomass. Clip plots

of 60 cm?® (grazed) and 315 cm? (ungrazed) were sampled in each sampling position.
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Belowground biomass of the top 5 cm was assessed sampling three volumetric rings (100
cm3) of soil within 50 cm of each sampling point. Belowground biomass was washed free of
soil over a 200-um sieve. Above and belowground biomass was dried at 60°C and
weighed. The thickness of the litter layer was assessed prior soil sampling using a metric

ruler.

Table 1 Redox chemistry and plant biomass parameters in grazed and ungrazed treatments of the two
marsh sites DSK and SNK

Site Dieksanderkoog (DSK) Sonke-Nissen-Koog (SNK)
Treatment grazed ungrazed grazed ungrazed
mean SE mean SE mean SE mean SE

soil redox [mV]

average 404 8 450 2 390 7 433 6
low 297 19 438 3 313 10 418 15
high 460 5 463 5 437 6 448 2
pH 7.54 0.03 1.77 0.04 7.47 0.04 7.60 0.04
plant biomass [g m™]

aboveground 460 41 1080 62 437 65 1387 108
belowground 994 50 1755 126 1360 82 1273 147
litter layer [cm] 0.4 0.1 2.4 0.3 0.0 0.0 2.8 0.4

Notes: Values presented are mean values + standard errors (n = 10). Redox values are reported as average
of four measuring campaigns (average) and for both the campaign characterized by lowest (low) and
highest (high) soil redox
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Figure 1 "3C and C/N of plant biomass (aboveground and belowground tissues, n =
4) and bulk-soil OM (n = 10) in grazed and ungrazed treatments, and
deposited allochthonous OM (n = 6; independent of treatment, gray symbols) at
DSK and SNK site. Presented are mean values + standard errors
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Substrate quality of soil organic matter and plant biomass

Soil OM content was determined by loss on ignition (LOI). Approx. 15 g of pre-dried soil
(105°C to constant weight) was ignited at 550°C for 2.5 h and cooled in a desiccator. LOI
was calculated as the difference (% gDW) between pre- and post-ignition sample weight.

C and N contents as well as §*°C of bulk-soil OM, fresh plant biomass (green leaf
tissue and fresh root material), and allochthonous OM (organic fraction of deposited
sediment) were determined to assess microbial substrate quality. §"°C of OM was used to
distinguish between allochthonous (marine) and autochthonous (terrestrial) OM sources that
greatly differ with respect to substrate quality and degradability (Khan et al. 2015).
Allochthonous OM was collected during flooding events using sediment traps (compare
Miller et al. 2013). Traps were positioned on the grazed creek bank with a distance of 0.5-
2 m to the central creek. This was done to avoid trapping of autochthonous OM mixed
within in the deposited material (e.g. with increasing distance to the sediment source (creek)
or within the dense ungrazed vegetation. Sampling was conducted when no livestock was
present in the sites during winter 2014/15. C, N, and 8*3C were determined on an element
analyzer (HEKAtech, Wegberg, Germany) coupled to a Nu Horizon isotope-ratio mass
spectrometer (Nu Instruments, Wrexham, UK). §°C of soil OM was determined on

acidified (10% HCI) samples to remove carbonates.

DNA extraction and quantitative PCR

Microbial abundance was quantified by assaying specific gene abundance of fungi and
bacteria using gPCR(Smith and Osborn 2009). Soil DNA was extracted using the PowerSoil
DNA extraction kit (MoBio, Carlsbad, USA) following the manufacturer’s protocol with
slight modifications. Soil slurry was transferred into the reaction vial (PowerSoil bead
tube) using a disposable 3-mL pipette with wide opening (2 mm). First, the slurry was
pumped several times in and out of the pipette to avoid obstruction of the pipette’s
opening before dropping 8 to 12 droplets of slurry into the bead tube. This volume
corresponded to the equivalent of approximately 0.25 g air dried soil. The PowerSoil
DNA extraction method was reported to be variable in DNA yield (Feinstein et al.
2009). Therefore, four consecutive DNA extraction loops were conducted for each
sample to gain higher accuracy in determination of microbial gene copies as
recommended by Feinstein et al. (2009). The DNA concentration and extraction quality
parameters (260/280 nm and 260/230 nm ratio) of each extraction were determined
using a NanoDrop 2000 Spectrophotometer (Thermo Fisher Scientific, Waltham, MA,
us).
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For gPCR, SYBR Green assays were performed on two technical replicates per
sample using a Qiagen Rotor-Gene Q (Qiagen, Venlo, NL). Quantitative PCR runs were
conducted with 5 pL template DNA (pooled from extraction loops 1 to 4). Cycling
conditions (40 cycles) were: denaturation at 95°C for 10 s, annealing at 55°C for 15 s,
extension at 72°C for 20 s, and a 10-min hold at 72°C before the final melt analysis. Data
were analyzed using Rotor-Gene Q software (version 2.0.3 build 2; Model 5-Plex). Cycle
threshold was automatically determined by the software and number of gene copies was
calculated from the reported cycles by means of plasmid standard curves (Smith and Osborn
2009).

To estimate bacterial abundance, the primer pair B341F/B805R was used to target
the prokaryotic 16S rRNA gene region (Herlemann et al. 2011). The commonly used primer
pair Eub338/Eub518 (Fierer et al. 2005) was not used because it interacts with eukaryotic
DNA (Klindworth et al. 2013). In preliminary investigations for this study, the
Eub338/Eub518 primer pair showed signals in gPCR runs with fungal DNA from
Saccharomyces cerevisiae, Fusarium oxysporum, and Fusarium graminearum, and its use
was therefore discarded. Fungal abundance was estimated using the primer pair FR1/FF390
(Chemidlin Prévost-Bouré et al. 2011) targeting the fungi-specific eukaryotic 18S rRNA
gene region. Specificity and coverage of both primer pairs were tested in silico.

For plasmid standard curves, DNA from pure cultures of Agrobacterium tumefaciens
and Fusarium oxysporum was extracted and used in PCRs with bacteria and fungi primer
pairs, respectively. PCR products were cloned into a plasmid vector and the resulting
plasmid DNA was purified. Quality of the purified plasmid DNA was examined using
agarose gel electrophoresis (1.5%) and ethidium bromide staining. Efficiency of standard
curves was 0.78-0.84 and 1.02-1.03 with r* >0.99 for fungi and bacteria, respectively.

Values are presented as number of gene copies per unit OM (Morrissey et al. 2013).

Exo-enzyme assays

Potential exo-enzyme activity (EEA) of cellobiosidase, [-glucosidase, leucine-
aminopeptidase, and chitinase was determined in fluorometric assays following German et
al. (2011). Substrates and fluorophore standards were obtained from Sigma-Aldrich
Germany (Munich, Germany). The list of enzymes, substrates, and degradable compounds
is given in Table S2. Potential enzyme activity at pH 8 was measured in 50 mM bicarbonate
buffer (Sinsabaugh et al. 2003). 2 g of soil slurry were mixed with 20 mL buffer. 200 uL
bicarbonate buffer or 200 pL buffered soil slurry (continuously stirred) were added to 50 pL
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of one of the following solutions pre-pipetted into black 96-well microplates: i) 50 mM
bicarbonate buffer (for blank or control, respectively) ii) 100 uM fluorophore standard (for
reference or quench, respectively), and iii) 1.6 mM substrate solution (for substrate control
or enzyme assay at substrate saturation, respectively). The microplates were incubated in
the dark at 20°C for 16 h and read on a PerkinElmer LS 55 plate reader (PerkinElmer
Inc.,Waltham, MA, US) set at 460 nm emission and 365 nm excitation wavelength.
Values are presented as enzyme activity per unit OM to obtain a measure for OM
decomposition rate (Morrissey et al. 2013).

Statistical analyses

Three-way ANOVASs were conducted to test for effects of treatment (grazed vs. ungrazed),
land-sea location (landward vs. seaward), and site (DSK vs. SNK) on plant and soil
properties, elevation, microbial abundance and structure (specific gene abundance of fungi
and bacteria and the fungi-to-bacteria-ratio), and EEA (B-glucosidase, cellobiosidase,
leucine-aminopeptidase, chitinase). When significant interaction effects between treatment,
site, and land-sea location existed, subsequent two-way ANOVAs were conducted within
each site or location to better understand potential grazing effects on microbial abundance
and EEA. Effects on soil redox and moisture were tested with repeated measures ANOVAsS.
Tukey’s HSD tests were conducted for pairwise comparisons. Normal distribution of
residuals (as checked visually) and equal sample sizes across groups assured robustness for
parametric testing (McGuinness 2002). Correlation analysis was used to further explore
relations between environmental parameters (elevation, soil, and plant properties), EEA,
and microbial abundance and structure. Exponential regression was used to better illustrate
the significant relationship between 5°C of bulk-soil OM and the fungi-to-bacteria ratio.
Effects of plant-species composition on environmental parameters, EEA, and microbial
abundance and structure were not independently considered in our analyses because plant-
species composition could not be separated from grazing treatment in either site (Table S1).
Analyses were conducted in STATISTICA 10 (StatSoft Inc., Tulsa, OK, US).

Results

Site elevation, soil parameters, and organic-matter sources

Grazed plots were on average 15 cm lower than ungrazed plots in DSK (210 + 4 vs. 225
+ 2 cm NHN; p <0.05). In contrast, elevation did not differ between grazed and ungrazed
plots in SNK (215 £ 2 vs. 214 £ 1 cm NHN; p > 0.4). Land-sea location had no effect on
elevation (p > 0.1; Figure S2).
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Grazing increased bulk density in both marshes (p < 0.001). However, this treatment
effect was only significant at the landward locations (treatment x location: p < 0.01). Here,
grazing increased bulk density by 22% and 28% in DSK and SNK, respectively (Figure S2).

OM contents were lower under grazing (p < 0.01). Along with the differences in bulk
density between treatments, differences in OM were only significant when comparing the
landward locations (Figure S2). Bulk density and OM were negatively correlated (r* =
0.779; p < 0.0001).

Bulk-soil C/N (mass basis) was 12.3 £ 0.4 in DSK and 12.6 = 0.2 in SNK (p > 0.3).
Differences between treatments were only present in DSK with higher C/N under grazing
(13.1 £ 0.5vs. 11.5 £ 0.3; p < 0.05). Land-sea location had no effect on bulk-soil C/N (p >
0.4). 8*3C of bulk-soil OM differed significantly by site (p < 0.001) with more depleted
signatures in DSK (-26.4 + 0.2%o) vs. SNK (-25.5 + 0.2%o0). At both sites, bulk-soil OM was
consistently more depleted in **C under grazing by >1%o (p < 0.001; Figure 1). Land-sea
location had no effect on "*C of bulk-soil OM (p > 0.2).

Autochthonous OM was highly variable in 8*3C across sites, treatments, and tissue
types: belowground material from grazed samples was slightly more depleted in **C than
from ungrazed samples. In contrast, aboveground material was most depleted in ungrazed
samples (Figure 1). Allochthonous OM contributions are considerably *C enriched
compared to autochthonous OM contributions: During winter 2014/15, 8*3C of sediment
OM was -24.6 = 0.2 in DSK and -22.9 + 0.1 in SNK (Figure 1). Because relatively large
differences in 8*3C between aboveground and belowground biomass exist (Figure 1),
precise determinations of autochthonous vs. allochthonous contributions to the total OC

pool are not possible based on *3C natural abundance only.

Soil redox chemistry

Mean soil redox conditions were mostly oxic (>400 mV) and occasionally weakly reducing
(200-400 mV). Weakly reducing redox potentials were almost exclusively measured in
grazed plots (Table 1). Here, increasing soil moisture negatively affected redox (r* = 0.436;
p <0.0001; moisture range: 31.7-48.2%), whereas there was no moisture effect on redox in
ungrazed plots (r>= 0.003; p >0.5; moisture range: 10.7-48.5%). Overall, redox was
significantly lower (RM-ANOVA, p < 0.001; Table 1) in grazed vs. ungrazed plots of both
sites, and slightly higher at DSK compared to SNK (RM-ANOVA, p < 0.05). Grazing also
decreased soil pH by 0.23 and 0.13 pH units in grazed vs. ungrazed plots in DSK and SNK,
respectively (Table 1; p <0.001). An effect of land-sea direction on soil pH (p >0.5) or
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redox (RM-ANOVA, p > 0.5) could not be detected.

Plant biomass parameters

After season aboveground biomass was >100% greater in ungrazed vs. grazed treatments of
both sites with highest values in SNK (Table 1; p <0.001). Differences in belowground
biomass only existed in DSK with greater belowground biomass in the ungrazed treatment
(Table 1, p < 0.001). However, belowground biomass was 18.5 + 4% greater in landward

vs. seaward sampling areas (p < 0.01).

Microbial abundance and structure
Bacterial gene abundance was strongly affected by land-sea location, particularly at DSK
(three-way ANOVA: location: p < 0.01; site x location: p < 0.01; Figure 2). Grazing did
not affect bacterial gene abundance at either location (two-way ANOVA: p > 0.4 and >
0.9 at landward and seaward locations, respectively). Similarly to bacterial abundance,
fungal abundance was also affected by land-sea location at DSK (three-way ANOVA: site X
location: p < 0.01). In contrast, fungal abundance was significantly increased under
grazing at landward locations of both marshes (two-way ANOVA: p < 0.01), but was
unaffected at seaward locations (two-way ANOVA: p > 0.4; Figure 2).

Relative fungal abundance (fungi-to-bacteria ratio; F/B) was significantly affected
by grazing and varied between sites (Figure 3). In contrast to microbial abundances, F/B
was unaffected by land-sea location (three-way ANOVA: location: p > 0.9, no significant
interactions). Grazing reduced F/B consistently at both sites, leading to a higher relative
fungal abundance in grazed vs. ungrazed treatments (p < 0.05). Relative fungal abundance
was higher in both grazed and ungrazed plots of DSK compared to SNK (p < 0.01).
Variability in both bacterial and fungal abundance is best but only weakly explained by
bulk density and bulk-soil OM contents (Table 2). In contrast, variability in F/B is strongly
determined by the 8"3C of the bulk-soil OM (Figure 4, Table 2), with relative fungal
abundance increasing toward more depleted 8*°C signatures of the organic source material
(terrestrial source 3C end member; Figure 1). Irrespective of the study site, the negative
relationship between 8*3C of bulk-soil OM and F/B holds true within each treatment (p <
0.001; Figure 4).
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Figure 4 Fungi-to-bacteria ratio as a function of 8**C in bulk-soil OM across and within grazed
(filled symbols) and ungrazed (open symbols) treatments of the two marsh sites DSK (circles)
and SNK (squares)

Exo-enzyme activity
Grazing consistently reduced activity of the two cellulolytic enzymes R-glucosidase and
cellobiosidase by 28-40% at both sites (Figure 5). Activity of the exo-enzymes involved in N
cycling (aminopeptidase and chitinase) was not consistently affected by grazing (Figure 5).
While grazing decreased aminopeptidase activity at DSK (two-way ANOVA,; p < 0.01),
there was no grazing effect at SNK (two-way ANOVA; p > 0.2). Chitinase activity was
not affected by grazing at either site; however, activity varied significantly between sites
and was higher at DSK (Figure 5). Land-sea location had no effect on the activity of any
exo-enzymes (three-way ANOVA,; all p > 0.4, no significant interactions).

Variability in the grazing-affected EEAs of 3-glucosidase and cellobiosidase is best
explained by the inter-correlated parameters of redox chemistry (soil redox and pH) and
aboveground biomass (Table 2). In contrast, redox chemistry and biomass parameters

showed no strong correlations with EEAs of aminopeptidase or chitinase (Table 2).

Discussion

Grazing effects on microbial abundance and structure

Livestock grazing had no effect on bacterial abundance, but increased fungal abundance in
the landward locations of our two marsh sites (Figure 2). Here, grazing pressure is higher,

as evident by higher bulk densities (Figure S2), and consequently differences between
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grazed and ungrazed plots are expected to be more pronounced than in seaward plots.

Grazing affected the soil microbial structure opposite as hypothesized by
consistently increasing relative fungal abundance. In contrast to other studies that suggested
negative effects of flooding or lower soil redox on fungal abundance (Bossio and Scow
1998, Chambers et al. 2016), differences in soil redox (that were profound between
treatments; Table 1) did neither negatively affect absolute nor relative fungal abundance in
the present study (Table 2). Our data therefore do not provide evidence of a direct
grazing effect on relative and absolute fungal abundance.

We further hypothesized that grazing also indirectly affects the relative fungal
abundance through decreased autochthonous production and litter accumulation,
representing a recalcitrant substrate source that is assumed to be more effectively degraded
by fungal than bacterial communities (van der Heijden et al. 2008, Strickland and Rousk
2010). Therefore, relative fungal abundance was expected to increase by higher rates of
autochthonous production and litter accumulation in the ungrazed treatments and to
decrease by higher relative contributions of high quality and easily degradable
allochthonous input from marine sources (e.g. Khan et al. 2015) in the grazed treatments.
Indeed, our data support OM source as an important factor shaping the microbial
community in tidal wetland systems, as relative fungal abundance increased with more
depleted 5'°C signatures within and across treatments (Figure 4). This indicates that fungi
are indeed favored by higher contributions of autochthonous vs. allochthonous OM.
However, contrary to our hypothesis, the contribution of autochthonous vs. allochthonous
OM could be larger in the grazed treatments (Figure 1) and soil C/N was not lower under
grazing; in fact, the opposite was true in one of our sites (DSK). We propose that
differences in the (allochthonous) sediment-trapping capacity between grazed and ungrazed
treatments are responsible for these unexpected results. Aboveground vegetation structure
has a large influence on sediment trapping during inundation events (Morris et al. 2002,
Temmerman et al. 2005). Both aboveground biomass and canopy height can be several fold
decreased under grazing (Table 1). Consequently, also the input of high quality, marine
allochthonous OM to the top soil might be lower under grazing. In support of this concept,
aboveground biomass is positively correlated with the §°C of bulk-soil OM (**C
enrichment of bulk-soil OM with increasing aboveground biomass; Table 2). We therefore
propose a novel and indirect form of animal-plant-microbe interaction: grazing affects
aboveground vegetation structure, which in turn determines allochthonous OM trapping and

thus microbial structure.
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Models and concepts on terrestrial ecosystem functioning and stability include
relative fungal abundance as a key factor (e.g. Wardle et al. 2004, Neutel et al. 2007).
Although experimental support for links between microbial structure and ecosystem
functions are often scarce (Rousk and Frey 2015), fungal dominance of the microbial
community is often assumed to be indicative for slow carbon- and nutrient-cycling
ecosystems (Moore et al. 2004, Wardle et al. 2004, de Vries et al. 2012). Therefore, higher
relative fungal abundance under grazing, as found in the present study, could have important
consequences for the C-turnover rate and ultimately the C-sequestration capacity of salt-
marsh ecosystems. While the present study did not explicitly assess C turnover, recent data
from a similar system demonstrate that both ecosystem C turnover and turnover of the

microbial C pool is indeed slowed down under grazing (Olsen et al. 2011).

Although relative fungal abundance was small in the present study (<5% across
treatments and sites), we propose that grazing induced shifts towards a higher relative fungal
abundance can have a strong influence on tidal-wetland biogeochemistry. We therefore offer
an alternative explanation for differences in rates of C turnover and sequestration found
between grazed and ungrazed areas of salt marsh systems (Morris and Jensen 1998, Olsen et
al. 2011, Elschot et al. 2015) that is not based on direct grazing effects on soil redox
conditions or primary production per se, but on origin and quality of OM exerting control over
the microbial community structure. However, we acknowledge that links between microbial
structure, particularly with regard to relative fungal vs. bacterial dominance, and tidal-wetland
biogeochemistry are not well understood, yet, and should therefore be addressed, particularly

with regard to tidal-wetland stability and C sequestration.

Grazing effects on microbial exo-enzyme activity

Livestock grazing considerably reduced the activity of the two major cellolytic enzymes
cellobiosidase and R-glucosidase consistently by over 28-40% in both marsh sites (Figure
5), thus slowing down the initial steps of cellulose decomposition and ultimately C
turnover. In accordance with our findings, Olsen et al. (2011) also suggest slower C
turnover under grazing; however, their data suggest slower turnover of the microbial C pool
as opposed to slowed down substrate decomposition in our study. In accordance with our
second hypothesis, we demonstrate that the reduction in cellulolytic activity is induced by
grazing effects on soil redox (Table 2). Grazing considerably reduced soil redox, lowering
the redox state of the top soils from always oxic to frequently weakly to moderately

reducing at high soil moisture levels.
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Figure 5 Activity of the exo-enzymes R-1,4 glucosidase (GLU), cellobiosidase (CEB), leucine-
aminopeptidase (LAP), and chitinase (CHI) in grazed (filled bars) and ungrazed (open bars) treatments of the
two marsh sites DSK and SNK. Presented are mean values + standard errors (n = 10) and results of three-
way ANOVAs are shown (ns, p > 0.05, * p <0.05, ** p <0.01, *** p <0.001). Sampling location (landward
vs. seaward) had no effect (all p > 0.4; all interactions p > 0.1)

A reduction of soil redox under grazing has previously been demonstrated by
Schrama et al. (2013) and Elschot et al. (2015). However, although soil redox conditions are
not necessarily related to decomposition rate in tidal wetland soils (Kirwan et al. 2013,
Mueller et al. 2016b), implications on decomposition rate have been proposed (Elschot et al.
2015), but not demonstrated.

This study provides first evidence that grazing induced changes in redox chemistry
(redox and pH) slow down OM decomposition (Table 2), whereas it remains unclear if
these changes are caused by direct or indirect grazing effects. Previous studies explained
lower soil redox under grazing being a direct grazing effect induced through trampling,
which leads to lower soil porosity and higher bulk density (Nolte et al. 2013b), slowing

down drainage and lowering oxygen supply to the soil (Schrama et al. 2013, Elschot et al.
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2015). Our data also suggest a strong impact of grazing on bulk density, particularly in the
landward locations (Figure S2) that are generally more frequently used by livestock (Bakker
et al. 2002, Stock 2011, Suchrow et al. 2012). Furthermore, our data demonstrate a narrower
soil moisture range in grazed vs. ungrazed plots, indicative of slower drainage in grazed
soils, and a strong relationship between soil moisture and redox within the grazed treatment,
but not in the ungrazed treatment. Both features are likely attributable to direct grazing or
trampling effects on soil porosity and drainage. However, in the present study soil redox is
not significantly related to bulk density (Table 2). In that regard, our data do not support
lower redox conditions under grazing as the result of a direct grazing effect. The missing
relationship between bulk density and soil redox may in part be due to limitations in the
available redox data (e.g. four point measurements for relative comparisons of redox
between treatments (Davy et al. 2011) as opposed to permanent measurements).

However, also indirect grazing effects on redox chemistry that are mediated through
plant processes may exert control over both soil redox and pH. Indeed, redox and also pH
are weakly, but closer related to biomass parameters and elevation than to bulk density in
the present study (Table 2). Thus, it seems possible that greater aboveground biomass and
shoot density increase oxygen supply to the rhizosphere and thus increase soil redox
(Mueller et al., 2016 and references within). Additionally, a higher sediment-trapping
capacity of taller vegetation (Morris et al. 2002) in the ungrazed treatment could increase
soil pH by trapping carbonate-rich sediments. Eventually, greater belowground and fine
root biomass are likely to affect soil pH through protonation of the rhizosphere (Yang et al.
2012). Therefore, also indirect grazing effects mediated through plant processes could have
caused the observed differences in redox chemistry ultimately affecting decomposition rate.

The activity of enzymes involved in N-acquisition was unresponsive to changes in
redox chemistry and thus decoupled from the grazing response of the cellulolytic enzymes.
Grazing effects on the activity of enzymes degrading N-rich polymers were either not
consistent between sites (aminopeptidase activity) or not present (chitinase activity). The
activity of aminopeptidase and chitinase in soils has often been interpreted in the context of
microbial N acquisition or microbial N demand (Sinsabaugh et al. 2008). In the present
study, chitinase activity was unaffected by grazing and aminopeptidase activity was reduced
under grazing at DSK, but remained unaffected at SNK (Figure 5). In contrast to the two
cellulolytic enzymes assayed in this study, aminopeptidase and chitinase activity were not
affected by changes in redox chemistry, but were instead linked to microbial structure and
abundance and to micro-topographical parameters (distance to creek and elevation). For

instance, we demonstrate weak but positive relationships between aminopeptidase activity
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and both fungal abundance and F/B, which could result from a higher bacterial N demand
under increasing competition for nutrients with fungi or higher production of enzymes in
fungi (Table 2). However, linking microbial structure to functions such as activity of certain
exo-enzymes is difficult due to the high degree of functional redundancies across microbial
groups and taxa (Nannipieri et al. 2003, Morrissey et al. 2013, Chambers et al. 2016).
Additionally, the primers used in our qPCR assays do not allow a precise separation of
saprotrophic from symbiotic groups (e.g. arbuscular mycorrhizae) within fungi, making it
difficult to interpret links between microbial structure and function. Still, as our data
demonstrate microbial structure to be strongly influenced by OM source, also N acquisition
activities could be indirectly linked to changes in allochthonous OM contributions. It has been
demonstrated that stoichiometries of exo-enzyme activities involved in the acquisition of
different nutrients relate to OM quality and can reveal important insights into microbial
nutrient demand (Sinsabaugh et al. 2008, 2014, 2016). In accordance with this, our data
suggest a strong influence of OM source (8**C) on the microbial C- vs. N-acquisition activity
(ratio of cellulolytic activities to N-acquisition activities) with decreasing relative investment
in N-acquisition with more enriched signatures indicative of allochthonous, high quality
marine sources (r> = 0.467, p < 0.001; Figure S3).

Site effects on microbial structure and function

It must be noted here that site effects on the microbial structure were even stronger than
treatment effects. The higher elevated DSK site showed higher relative fungal abundance in
both grazed and ungrazed treatments than the SNK site (Figure 4). Likewise, chitinase and
aminopeptidase activity responded stronger to site than treatment effects (Figure 5). The
lower elevated SNK site experiences >3 times the sediment deposition than the DSK site
(Mdller et al. 2013) and thus a considerably larger amount of high quality, allochthonous
material (Figure 1). This is in accordance with our conclusion that the rate of allochthonous
OM input is an important driver of the microbial structure and possibly function, causing a

greater bacterial abundance and lower N-acquisition activity in SNK compared to DSK.
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Table 2 Pearson’s correlation matrix. Presented are r-values (top right half) and p-values (bottom left half) for correlations between parameters of micro-topography (elevation, distance
to creek), plant biomass (aboveground and belowground biomass), soil (bulk density, organic matter content, 5**C of organic matter, C/N, mean redox, pH), microbial
abundance/structure (fungal and bacterial gene abundance, F/B ratio), and microbial exo-enzyme activity (R-glucosidase, cellobiosidase, leucine-aminopeptidase, chitinase). r- and p-
values are bold-typed at p < 0.05

micro-topography and plant biomass soil characteristics microbial abundance exo-enzyme activity

elev dist AB BB BD OM 13C C/IN redox pH fungi  bacteria F/B GLU CEB LAP CHI
elev -0.139 0.347 0.480 0.038 -0.130 -0.011 -0.483 0.516 0.405 0.338 0.106 0.346 0.239 0.356 0.490 0.206
dist 0.393 0.105 -0.060 -0.487 0.422 0.279 -0.056 -0.309 -0.282 -0.340 -0.094 -0.368 -0.160 -0.270 -0.392 -0.172
AB 0.028 0.519 0.260 -0.537 0.375 0.667 -0.091 0.658 0.449 -0.274 -0.179 -0.264 0.576 0.568 -0.036 -0.135
BB 0.002 0.714 0.105 -0.069 -0.053 0.250 -0.389 0.304 0.478 -0.032 0.189 -0.159 0.201 0.239 0.434 0.183
BD 0.818 0.001 0.000 0.670 -0.883 -0.422 0.156 -0.209 -0.152 0.531 0.416 0.371 -0.175 -0.189 0.411 0.001
oM 0.424 0.007 0.017 0.744 0.000 0.201 -0.169 0.160 0.125 -0.489 -0.549 -0.181 0.129 0.119 -0.432 0.095
13C 0.945 0.082 0.000 0.119 0.007 0.215 0.000 0.437 0.185 -0.349 0.147 -0.601 0.458 0.380 -0.158 -0.308
C/N 0.002 0.733 0.577 0.013 0.337 0.298 0.999 -0.266 -0.436 0.027 0.042 0.040 -0.121 -0.326 -0.239 -0.221
redox 0.001 0.053 0.000 0.057 0.195 0.325 0.005 0.097 0.507 0.053 0.005 0.066 0.474 0.719 0.301 -0.030
pH 0.010 0.078 0.004 0.002 0.348 0.443 0.253 0.005 0.001 -0.027 -0.154 0.046 0.439 0.563 0.382 0.278
fungi 0.033 0.032 0.087 0.846 0.000 0.001 0.027 0.869 0.744 0.870 0.561 0.713 0.098 0.137 0.413 0.128
bacteria 0.514 0.563 0.269 0.243 0.008 0.000 0.364 0.795 0.974 0.344 0.000 -0.108 0.073 0.033 0.263 -0.149
F/B 0.029 0.019 0.099 0.326 0.018 0.263 0.000 0.806 0.685 0.776 0.000 0.505 0.006 0.071 0.322 0.356
GLU 0.137 0.324 0.000 0.215 0.281 0.429 0.003 0.457 0.002 0.005 0.546 0.656 0.970 0.772 0.245 0.153
CEB 0.024 0.092 0.000 0.137 0.242 0.464 0.016 0.040 0.000 0.000 0.399 0.839 0.665 0.000 0.371 0.261
LAP 0.001 0.012 0.826 0.005 0.008 0.005 0.329 0.137 0.059 0.015 0.008 0.101 0.043 0.128 0.018 0.356

CHI 0.203 0.290 0.405 0.259 0.997 0.558 0.053 0.170 0.856 0.082 0.432 0.360 0.024 0.345 0.103 0.024




Muller et al. (2013) reported considerable rates of sediment deposition to the high
marsh zones of both SNK and DSK with 3.6 + 0.9 and 1.0 + 0.3 kg m ™2 year *, respectively.
Assuming a mean OM content of approx. 10% in the deposited material (Butzeck et al. 2014),
these values correspond to 9.3-21.8% and 26.0-82.4% of the standing aboveground biomass in
DSK and S\K, respectively, thus representing a major microbial substrate source.

We therefore emphasize the important role of the mostly overlooked influence of
allochthonous OM on tidal wetland biogeochemistry. Even though the importance of
allochthonous OM as microbial C source has long been demonstrated (Boschker et al.
1999), effects of allochthonous OM inputs on rhizosphere biogeochemical processes and the
microbial ecology of tidal wetland systems remain poorly understood (Bouillon et al. 2004).
Particularly with regard to global warming, sea level rise, changes in inundation frequency,
sediment load, and allochthonous and autochthonous OM production (Boyce et al. 2010,
Kirwan and Megonigal 2013, Baldwin et al. 2014), future research should address potential

impacts of changes in OM source on tidal-wetland biogeochemistry.

Alternative considerations for C/N and §**C dynamics
In this study, we did not find the expected relationship between C/N and 5'*C of bulk-soil OM
as demonstrated elsewhere (Bouillon et al. 2004). However, events of sediment deposition and
therefore allochthonous OM inputs to our high marsh sites are episodic, and predominantly
occur during storm surges between November and March (Mller et al. 2013, Butzeck et al.
2014). Depending on sampling time, additional N from high quality marine sources may have
left the soil pool through mineralization, rapid plant uptake, and allocation to N-rich
aboveground biomass. We therefore acknowledge that it will be necessary to investigate the
seasonal dynamics in soil C/N, 8C, and microbial structure in order to understand their
interactions. However, the effects of marine allochthonous inputs on the microbial structure of
salt marsh soils may not solely be due to the low C/N of the material. Also structural, more
recalcitrant components like cellulose or lignin are less abundant or not present in marine OM
(Baldock et al. 2004), thus potentially affecting competition between bacterial and fungal
decomposers.

Besides input from allochthonous sources, also other processes can cause *C
enrichment in bulk-soil relative to autochthonous OM. For instance, OM becomes enriched in
3¢ with age and depth in terrestrial soil profiles. This process has often been attributed to the
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gradual enrichment of OC when being repeatedly incorporated and cycled in the microbial
biomass pool over time (Cifuentes and Salata 2001), thereby gradually decreasing in quality
(Churchland et al. 2013, Rousk and Frey 2015). Alternatively, Kohl et al. (2015) suggest **C
depletion in fungal relative to bacterial biomass, concluding that changes in 8*3C with age or
depth could be explained by changes in the F/B alone.

However, in the present study the divergence of §°C in bulk-soil OM from the §**C of
the fresh biomass (Figure 1) is too large to be driven by aging of the material only within the
top 5 cm. Furthermore, in the present study the range of relative fungal abundance (1.5-7.5%)
is too small to explain variation in 8**C of bulk-soil OM of >3%.. First findings from terrestrial
systems demonstrate order of magnitude differences in relative fungal abundance (1-55%) to
impact the 83C of bulk-soil OM in a range of only <3%. (Kohl et al. 2015). Irrespective of the
reason for the gradual enrichment of bulk-soil OM with aging, **C enrichment in the range as
demonstrated in the presented study require cycling of OM through several soil horizons (e.g.
Arrouays et al. 1995, van Kessel et al. 2006, Yoneyama et al. 2006, Kohl et al. 2015). Data of
deeper soil samples from one of our sites (SNK) show that §**C of bulk-soil OM does not
significantly change downcore even within the first 20 cm of the soil profile in neither grazed
nor ungrazed areas (H. T. Do, unpublished data), indicating that considerable enrichment of
the organic C downcore also requires longer time periods in these fast accreting systems
(Suchrow et al. 2012, Nolte et al. 2013b).

Lastly, digestive processes of herbivores have been reported to induce slight *C
fractionation in the digested material (Sponheimer et al. 2003). Therefore, it is possible that the
return of excretory products to the soil surface in our grazed treatment could have affected the
8"3C of bulk-soil OM. However, Codron et al. (2012) could demonstrate that the 8*°C of grass
diet is not affected by digestive processes along the gastrointestinal tract of ruminants, making
it unlikely that excretory products caused the large difference in §°C of bulk-soil OM observed

between our treatments.

Limitations of gPCR-based quantification of microbial abundance

The present study assessed microbial abundance by quantifying fungi-or bacteria-specific gene
regions using qPCR. It needs to be noted here that qPCR results may not directly translate to
the relative abundances of these groups on a per biomass basis, as fungi and bacteria differ
physiologically (Strickland and Rousk 2010). It is neither recommended to confer the number

of cells from the number of gene copies, because the number of rRNA gene regions per cell can
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be variable within both fungi and bacteria (Smith and Osborne 2009). Therefore, gPCR-
detected shifts in both relative and absolute abundance of the two groups can be influenced by
profound shifts within the bacterial or fungal community. However, previous work assessing
fungal and bacterial abundance using different methods demonstrate that gPCR results are often
highly correlated with results based on other methods (e.g. PLFA techniques or microscopy)
and that conclusions based on different methods are in well agreement (e.g. Boyle et al. 2008,
Bachar et al. 2010, Buckeridge et al. 2013).Therefore, we are confident that the gPCR-based
results presented here are suitable to capture relative shifts in both microbial abundance and

structure between sites and treatments.

Implications and Synthesis

Our data on microbial structure and function suggest reduced C turnover under grazing. In the
context of blue C, livestock grazing therefore yields the potential to significantly increase the
C value of salt-marsh area. Livestock grazing is conducted in salt marshes worldwide (e.g.
Yang et al. 2008, Gedan et al. 2009, Di Bella et al. 2014). Particularly in Europe, large
parts of the salt-marsh area are used for livestock grazing. Here, the proportion of grazed vs.
ungrazed area as well as the grazing intensity is regulated through habitat-management
directives (e.g. Esselink et al. 2009). However, the need for livestock grazing as habitat
management was mainly discussed in the context of biodiversity support in the past (Bakker et
al. 2002, Klink et al. 2016), while effects on ecosystem services such as C sequestration were
left unconsidered. At the current stage, we cannot give management recommendations
with respect to grazing effects on C sequestration because our understanding is based on few
case studies with equivocal results only. Specifically, we need to understand under which
conditions frequent biomass removal and lower production under grazing (Morris and
Jensen 1999) is counterbalanced by reduced decomposition, and how this translates
to changes in C sequestration in order to predict and ultimately to optimize the C sink
function of salt marsh systems.

In the present study, we demonstrate that livestock grazing can have a strong effect on
the microbial structure of tidal wetland soils, increasing the relative fungal abundance and
therefore potentially exerts important control over C turnover and sequestration rates. Our data
suggest that this shift in the microbial structure is primarily driven by OM source, with higher

contributions of recalcitrant autochthonous vs. easily degradable allochthonous sources in
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grazed areas favoring relative fungal over bacterial abundance. We therefore propose a novel
and indirect form of animal-plant-microbe interaction, by which livestock grazing affects
microbial structure via changes in vegetation structure and allochthonous OM trapping. We
further provide first evidence that grazing indeed slows down OM decomposition through
changes in redox chemistry, while it remains unclear if this is a direct grazing effect, and
trampling driven as hypothesized in earlier studies, or if the grazing effect on redox chemistry
is plant mediated and thus indirect.

In conclusion, our study improves the process-level understanding of how livestock
grazing can affect the microbial ecology and biogeochemistry of salt marsh ecosystems that
helps to explain and predict differences in C turnover and sequestration rates between grazed

and ungrazed systems.
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Table S1 Mean species cover (Londo scale; n = 5) and frequency (f; number of sampling
positions with presence of species; 1-5) of the three dominant grasses Festuca rubra, Puccinellia
maritima, Elymus athericus, and forbs around soil sampling locations

Site treatment location Festuca’ Puccinellia Elymus forbs®
cover f cover f cover f cover f
DSK  grazed land 9% 5 0 O 04 1 7 5
sea 7 4 17 1 1.6 4 5 4
ungrazed land 0 O 0 0O 100 O 0 0
sea 0 O 0 0 100 O 0 0
SNK  grazed land 36 4 54 4 0 O 9 b
sea 39 3 46 5 12 1 12 5
ungrazed land 0 0 0 0 100 O 0 O
sea 0 O 0 0 100 O 0 0

1) contains contributions of Agrostis stolonifera
2) sum of forbs, including Salicornia spec., Spergularia media, Triglochin maritima, Artemisia
maritima, Aster tripolium, and Trifolium spec.

Table S2 List of enzymes, substrates, and degradable compounds

enzyme artificial substrate compounds
R-Glucosidase 4-MUF-R-D-glucopyranoside cellulose, cellobiose
Cellobiosidase 4-MUF-R3-D-cellobioside cellulose
Leucine-aminopeptidase L-Leucine-7-AMC peptides

Chitinase 4-MUF-N-acetyl-3-D-glucosaminide  chitin

4-MUF = 4-methylumbelliferone; 7-AMC = 7-amido-4-methylcoumarin hydrochloride
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Wetland carbon sequestration potential is reduced by rising
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*The first two authors contributed equally to this manuscript

Tidal wetlands, such as tidal marshes and mangroves, are global hotspots for carbon (C)
sequestration (Duarte et al. 2013). The preservation of organic matter (OM) is a critical
process by which tidal wetlands exert their strong influence over the global C cycle and at
the same time gain elevation to keep pace with sea level rise (SLR) (Chmura et al. 2003,
Duarte et al. 2013, Kirwan and Megonigal 2013). The present study provides the first
global-scale field-based experimental evidence of temperature and relative sea level effects
on OM decomposition and stabilization in tidal wetlands. This study, assessing the Tea-
Bag Index (TBI) (Keuskamp et al. 2013), was conducted in 25 marsh and mangrove sites
across four continents, utilizing commercially available standardized OM. While
effects on decomposition rate per se were minor, OM stabilization was strongly
and negatively affected by temperature (~5% reduction per 1°C increase) and reduced by
27% in low vs. high elevation zones. These unanticipated combined negative effects of
temperature and relative sea level on OM stabilization yield the potential to strongly
reduce the fraction of net primary production and other OM sources that are
transformed to stable soil organic matter (SOM), thus reducing the C sequestration

potential and ecosystem stability against accelerated SLR of tidal wetlands.
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Figure 1 Overview map of study sites. See Methods Table 1 for site details

Tidal wetlands provide numerous ecosystem services, making them some of the most
economically important ecosystems on Earth, and are valued at approximately US$ 10,000
per hectare (Barbier et al. 2011, Kirwan and Megonigal 2013). Yet, they are among the
most threatened ecosystems, experiencing dramatic loss due to direct anthropogenic impacts
and accelerated SLR (Mcleod et al. 2011, Kirwan and Megonigal 2013). The preservation
of OM is a critical process by which tidal wetlands gain elevation thereby allowing them to
keep pace with SLR (Kirwan and Megonigal 2013). Consequently, global changes that
decrease OM preservation in tidal wetland soils not only affect C sequestration, but also
put ecosystem stability at risk against accelerated SLR. Therefore, identifying global
change factors that affect the transformation of organic inputs to stable SOM in tidal
wetlands and assessing the magnitude of their effects is critical.

Litter-bag techniques assessing the mass loss of plant material over time are widely

used to assess effects of climate parameters on decomposition rates in situ across
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ecosystems (Zhang et al. 2008, Prescott 2010). However, complex interactions between
climate and litter-quality effects make it difficult to predict the relevance of potential
global-change drivers for decomposition (Prescott 2010). To separately assess climate
effects on decomposition at a global scale, standardizing litter quality is necessary.
Furthermore, implications of litter-decay data for C sequestration need to be considered
cautiously, as the link among decomposition rate, SOM formation, and ultimately
C sequestration is not straightforward (Prescott 2010, Cotrufo et al. 2015). Because
plant tissues are not resistant to decay per se, it is critical to understand their
biogeochemical transformation into stable compounds that leads to the formation of
humus or SOM (i.e. humification or stabilization) rather than understanding the pace at
which decomposition proceeds (Prescott 2010). Keuskamp and others (2013) developed an
efficient approach for studying litter decomposition and OM transformation at a global
scale, using commercially available tea as standardized material. Their TBI approach has
gained considerable attention among the scientific community and media alike. By
deploying two types of tea that considerably differ in their OM quality, the method
allows for the determination of the decomposition constant (k), as in classic litter-bag
approaches, and a stabilization factor (S), which describes the fraction of labile and
decomposable OM that becomes stabilized during deployment.

In this study, we assessed the impacts of temperature and relative sea level on both k
and S in tidal wetland soils by conducting a worldwide TBI field study (Figure 1; Methods
Table 1). First, we aimed to capture temperature effects on k and S by covering a large
gradient of AT >15 °C, thereby improving our understanding of how global warming affects
carbon turnover and ultimately sequestration. Second, by conducting paired measurements
in both high and low elevated zones within each site, we aimed to gain insights into the
effects of increased flooding frequency and duration and thus potential effects of
accelerated SLR on k and S.

We found that both temperature and relative sea level strongly reduced stabilization,
but surprisingly, we found subtle and no effects of temperature and relative sea level,
respectively, on decomposition rate (Figure 2). Other factors such as salinity (fresh,
brackish, or salt water) or soil (mineral vs. organic) and ecosystem type (marsh vs.
mangrove) neither affected k, whereas temperature effects caused S to be lower in
mangroves than in marshes, and lower in organic than in mineral systems (Table 1; Figure
S1).
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Table 1 Spearman’s rank coefficients between the variables temperature, latitude, tidal amplitude,
salinity class, k, and S (coefficients are bold typed at p < 0.05) and comparisons of temperature (°C),
latitude (°), amplitude (m), k, and S between ecosystem types (mangrove vs. marsh) and soil type
(mineral vs. organic) shown as means + SE

temperature latitude  amplitude  salinity S k

Spearman's rank correlations

temperature -0.78 -0.69 -0.06 -0.47 0.00
latitude -0.78 0.56 0.06 0.42 0.12
amplitude -0.69 0.56 0.34 0.10 0.06
salinity -0.06 0.06 0.34 -0.01 -0.07
S -0.47 0.42 0.10 -0.01 -0.48
k 0.00 0.12 0.06 -0.07 -0.48

group means + SE

soil type fakal = el * ns
mineral 17.6£46  454+81 1.73£022 0.22+0.03  0.010+0.001
organic 23.0+4.5 31.1+15.7 0.91+0.22 0.13+0.03  0.010+0.001
ecosystem wHE wHE o * ns
marsh 18.4+42  443+7.1 1.58+0.18 0.20+0.03  0.010+0.001
mangrove 28.1+0.7 114437 0.23+0.02 0.07+0.01 0.010+0.000

Asterisks show results of Mann-Whitney U tests and denote significant differences as: p <0.05 = *,
p <0.01=** p<0.001 =*** not significant = ns

We neither found linear (Figure 2A) nor monotonic (Table 2) relationships between
temperature and k. This is plausible because relationships between single parameters and k
are often not linear or monotonic (Prescott 2010). Instead, critical thresholds exist at which
certain predictors become influential, and classification and regression tree analysis
(CRTA) can identify such thresholds (Rothwell et al. 2008, Prescott 2010). Indeed, CRTA
reveals that temperature is a secondary predictor for k (Figure S1). However, temperature
seems to positively affect k only in meso-tidal systems (amplitude >2.1 m; ~35% of sites),
with sites > 14.5°C during deployment supporting higher k than sites characterized by lower
temperatures (Figure S1). CRTA suggests that tidal amplitude is an important predictor for
k. However, this result needs to be interpreted cautiously because no linear (p >0.68; r* =
0.004) or monotonic relationship (Table 1) exists between tidal amplitude and k, and effects
of tidal amplitude are not independent from other factors because strong correlations exist
with ecosystem and soil type, temperature, and latitude (Table 1).

The weak temperature response of k is surprising in the context of basic biokinetic
theory. Following typical Q10 values for biological systems of 2-3 (Davidson and Janssens
2006), k should have at least doubled over a gradient of AT >15°C. However, findings from
studies conducted at single-marsh to regional scales are not conclusive either, ranging from
no or small (Charles and Dukes 2009, Kirwan et al. 2014, Janousek et al. 2017) to strong
effects with a Q10 >3.4 as found within a single site (Kirwan and Blum 2011). Although
temperature sensitivity of litter types is variable (Craine et al. 2010, Wilson et al. 2016), the
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profound temperature sensitivity of the TBI materials has sufficiently been demonstrated
(Keuskamp et al. 2013). We therefore conclude that other parameters exerted overriding
influence on k, mainly masking temperature effects, and have not been captured by our
experimental design. For instance, we do not have data on plant-biomass parameters that are
thought to exert extraordinary control on decomposition through priming effects (Mueller et
al. 2016b, Bernal et al. 2017).

Flooding and progressively anaerobic soil conditions are supposed to be a strong
suppressor of decomposition (Davidson and Janssens 2006). Despite this dominant
paradigm, we clearly demonstrate that k is not reduced in low vs. high elevated zones
(Figure 2C). This finding is in accordance with an increasing number of case studies
(Kirwan et al. 2013, Mueller et al. 2016b, Janousek et al. 2017) demonstrating negligible
direct effects of sea level on decomposition in tidal wetland soils. A SLR-induced reduction
in decomposition with positive feedback on tidal wetland stability (Reed 1995) is therefore
an unlikely scenario.

In contrast to missing or subtle effects of sea level and temperature on k, OM
stabilization was strongly affected by temperature. The strong negative correlation between
S and temperature (p < 0.0001; r* = 0.288; Figure 2B) agrees well with the CRTA
identifying temperature as the only predictor for S (Figure S1). Overall, we demonstrate a
decrease in S by nearly 50% over a 10 °C temperature increase — a 18% reduction
considering an end-of-century projection of AT = 3.8 °C (IPCC 2013). Additionally, paired
comparisons reveal that S is significantly reduced by 27% in low vs. high elevation zones (p
< 0.01; Figure 2D).

The mechanism by which S is decreased in the more flooded zones is unknown.
Because we did not observe consistent salinity effects on S and k in our data (Figure S1,
S2), we do not suppose that regular exposure of litter to salt water explains the unexpected
finding. Instead, more favorable soil moisture conditions in low vs. high elevated
zones could have decreased OM stabilization, if higher flooding frequencies did not
induce redox conditions low enough to suppress microbial activity (Pfauder and Zimmer
2005). In support of this, flooding-frequency induced changes in moisture conditions have
been reported as primary driver of surface litter break down, leading to more than four-
fold increased litter mass loss in low vs. high marsh zones of a New Jersey salt marsh
(Halupa and Howes 1995).
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Figure 2 (A and B) Decomposition (k) and stabilization (S) versus mean atmospheric temperature during deployment period. Shown are results of linear
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(compare Methods Table 1). Zones are characterized by distinct high or low marsh plant-species assemblages or by different stature of mangroves along the
flooding gradient within each site. Shown are means = SE, mean effect size as decrease or increase (%) relative to the high zone, and results of paired t-tests for
all sites (overall; two-tailed) and subsequent within mineral and organic systems (one-tailed)
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Figure 3 Effects of marsh elevation (zone) and nutrient fertilization on both
decomposition rate (k) and stabilization (S) in long-term N fertilized (filled bars) and
reference areas (open bars) in the high marsh (Sparina patens zone) and low marsh
(Spartina alterniflora zone) of the TIDE project site at the Plum Island Sound
Estuary, Massachusetts, US. Shown are means + SE and results of two-way
ANOVAs and pairwise comparisons (Tukey’s HSD test)

Greater nutrient availability and less nutrient-limited microbial communities in more
frequently flooded zones could have contributed to this effect (Deegan et al. 2012, Kirwan et al.
2013). Strong effects of both high quality marine-derived OM and nutrient amendments on
microbial structure and activity have been reported (Deegan et al. 2012, Keuskamp et al. 2015,
Mueller et al. 2017), suggesting that regular marine OM and inorganic nutrient inputs can
positively affect OM break down. Indeed, we also observed a dramatic effect of nutrient
amendment in the high marsh of the TIDE project site (Methods Table 1), decreasing S by
72%, while S in the low marsh likewise was low as in the fertilized high marsh and not further
reduced by fertilization. Similar to the absent response of k to relative sea level, fertilization did
not affect k (Figure 3).

Our study emphasizes that particularly OM stabilization rather than decay rate per se is
strongly affected by temperature. Furthermore, we provide alarming evidence that accelerated
SLR is unlikely to slow down decomposition rate and additionally may strongly decrease OM
stabilization. Awareness about potential global-warming impacts on OM preservation and their
resulting threat to future tidal wetland stability has been raised (Kirwan and Mudd 2012). In
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comparison, concepts on the vulnerability of tidal wetlands to accelerated SLR mainly focus on
plant-productivity responses and their biophysical feedbacks (Kirwan et al. 2016). However,
potentially negative effects of accelerated SLR on OM preservation are overlooked probably
because stimulation of decomposition processes through increasing flooding is counterintuitive
(Mueller et al. 2016b). While this study addresses the influence of temperature and relative sea
level on the initial transformation of biomass to SOM, it does not encompass their effects on
the existing SOM pool. However, aspects of S and k are key components of many tidal wetland
resiliency models (Schile et al. 2014, Swanson et al. 2014) that have highlighted the critical
role of the organic contribution to marsh elevation gain. A reduction in the future organic
contribution to accretion would reduce the accumulation rate and thus increase wetland
vulnerability to accelerated SLR. The combined negative effects of temperature and relative sea
level on OM stabilization therefore yield the potential to strongly reduce the fraction of net
primary production and other OM sources that are transformed to stable SOM, thus reducing

the C sequestration potential and ecosystem stability against accelerated SLR of tidal wetlands.
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Methods

Study sites and experimental design

The worldwide study was conducted in 25 tidal wetlands during the 2015 growing season
(Figure 1; Methods Table 1). Nine sites were situated along the European coasts of the North
Sea, Mediterranean, and Baltic, ten sites were located along the East and West coasts of North
America including the Gulf of St. Lawrence, Chesapeake Bay, and San Francisco Bay, and four
mangrove sites were along the Caribbean coast of Central America in Belize and Panama.
Additionally, one Chinese site (Yangtze Estuary) and one Argentinian site were included in our
study. Fifteen of the sites are salt marshes, six are tidal freshwater and brackish sites, and four
sites were mangroves. At 21 sites, we could compare high and low elevated zones, which were
characterized by distinct plant species compositions or stature for mangroves. Decomposition
and stabilization were measured in ten replicates per zone (see Methods Table 1 for deviations
from this). Spacing between replicates within a zone or treatment was >2 m. However, as sites
differed considerably in their areal extent, the distribution and thus spacing between points had
to be adjusted by the responsible researcher (Methods Table 1) to be representative for the
given system. Mean temperature data for the period of deployment was obtained from the
online service of Accuweather (accuweather.com; accessed 12/25/2016) for towns within a
distance of 15 km to the site for most sites, but not further than 60 km for some remote sites.
Information on vegetation composition (dominant species), soil type (mineral vs. organic), tidal
amplitude, salinity (classes: fresh, brackish, or salt), and land use were obtained from the
responsible researchers and/or previously published works conducted in the respective sites
(Methods Table 1).

Decomposition and stabilization measurements

Decomposition (k) and stabilization (S) were assessed following the Tea Bag Index
protocol (Keuskamp et al. 2013). Briefly, two nylon tea bags (200 um mesh size) containing
either green tea (EAN: 8 722700 055525; Lipton, Unilever + PepsiCo, UK) or rooibos (8
722700 188438, Lipton, Unilever + PepsiCo, UK) were deployed as pairs in 8 cm soil depth
separated by approx. 5 cm. The initial weight of the contents was determined by subtracting the
mean weight of 10 empty bags (bag + string + label) from the weight of the intact tea bag prior
to deployment (content + bag + string + label). The tea bags were retrieved approx. 90 days
after deployment. Upon retrieval, tea bags were opened, tea materials were carefully separated

from clay particles and fine roots, dried for 48 h at 70°C, and weighed.
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Methods Table 1 Overview of study sites

Zonation Salinity
Region Site name high low  fresh brac.  salt N Ecosystem Soil Contact™ ™"
Europe
Germany Dieksanderkoog, Elbe Est. X X X 20 marsh mineral Mueller'
Sonke-Nissen-Koog X X X 20 marsh mineral Mueller'
Spiekeroog X X X 20 marsh mineral Dinter’
Netherlands Ameland X X X 20 marsh mineral de Groot®
Noord-Friesland Buitendijks X X X 20 marsh mineral Esselink’
Schiermonnikoog X X b marsh mineral Smit’
Italy Venice Lagoon X X X 20 marsh mineral _u_>__um5mmw
Spain Ebro Delta X X X X 30 marsh organic Ibafez’
Poland Mechelinskie taki X X b marsh organic Lazarus
North America
Canada, QC Sacré-Coeur X X X 20 marsh mineral Neumeier®
Maine, US Long Marsh X X X 15 marsh organic Johnson
Massachusetts, US Laws Point, Plum Island Est. X X X 20 marsh organic Mozdzer’
TIDE project, Plum Island Est. X X X 40° marsh organic Mozdzer™
Maryland, US Patuxent X X 20 marsh organic Baldwin'!
Rhode River X X X 36 marsh organic Schile®
Virginia, US Wachapreague X X X 20 marsh mineral Schile®
California, US Coon Island X X X 20 marsh mineral Schile®
Rush Ranch, Suisun City X X X 20 marsh mineral Schile®™
China Camp, Novato X X 10 marsh mineral Schile®™
Central America
Belize Twin Cays X X X 20 mangrove organic Schile'
Panama Isla Solarte, Bocas del Toro X X X 20 mangrove organic Schile®
Isla Cristébal, Bocas del Toro X X X 20 mangrove organic Schile®
Isla Popa, Bocas del Toro X X X 20 mangrove organic Schile®
South America
Argentina Mar Chiquita X X X b marsh mineral _/\_03,833\9Hmw
Asia
China Dongtan, Yangtze Est. X X X 18 marsh mineral Wul?

(a) additional fertilization treatment was included, compare reference 10; (b) low retrieval rates of paired bags only allowed for calculation of site or zone averages
(c) If unclear, soil type was judged as mineral at organic matter contents < 35% (Soil Survey Staff 2014); Site references: (1) Nolte et al. (2013), (2) Flemming and
Davis (1994), (3) Dijkema et al. (2010), (4) Bos et al. (2014), (5) Howison et al. (2015), (6) Roner et al. (2016), (7) Benito et al. (2014), (8) Neumeier and Cheng
(2015), (9) Morris et al. (2013), (10) Deegan et al. (2012), (11) Neff et al. (2009), (12) Langley and Megonigal (2010), (13) Vasey et al. (2012), (14) Mckee et al.
(2007), (15) Lovelock et al. (2005), (16) Fanjul et al. (2007), (17) Yang et al. (2017)



For calculations, the recommended hydrolysable fractions (Hy = 0.842 and H, =
0.552 g g*for green and rooibos tea, respectively) were not used because a considerable
number of observations (49.7% of >500 observations; independent of the conducting
researcher) would have resulted in slightly negative values for S. S becomes negative when the
mass loss from green tea is greater than the predicated maximum loss based on its hydrolysable
fraction. As a consequence, we tested if the quality of the tea material used in this study differs
from the results reported in Keuskamp et al. (2013) and calculations were conducted using the
hydrolysable fractions presented in Methods Table 2.

In accordance with Keuskamp et al. (2013), extractions followed Ryan et al. (1990).
However, instead of using the forest products protocol, we conducted the alternative forage
fiber protocol for the determination of the hydrolysable fraction because both protocols
include a final extraction step with 72% sulfuric acid (H,SO,) before sample ignition (Ryan et
al. 1990). This also allowed to test if different extraction protocols can lead to differences in the
estimated hydrolysable fraction as already suggested by Ryan et al. (1990). Briefly, 1 g of dried
tea material (70°C for 24 h) was boiled in cetyltrimethyl ammonium bromide (CTAB) solution
(1 g CTAB in 100 ml 0.5 M H,S0O,) for 1 h (Ryan et al. 1990, Brinkmann et al. 2002). The
extract was filtered through a 16-40-um sinter-filter crucible (Duran, Wertheim, Germany)
using a water-jet vacuum pump and washed with 150 ml of hot water, followed by addition
of acetone until no further decoloration occurred (Brinkmann et al. 2002). The remaining
material was left in the sinter, dried for 12 h at 70°C, cooled in a desiccator, and weighed. 20
mL of 72% H,SO, was added to the sinter and filtered off after an incubation of 3 h,
followed by washing with hot water to remove remaining acid. The sinter was dried at 70°C
for 12 h, cooled in a desiccator, and weighed to determine the non-hydrolysable fraction.
Finally, the sinter containing the remaining sample was ignited at 450°C for 3 h in order

to determine the ash content of the material.

Methods Table 2 Hydrolysable and mineral fractions of green tea
(n = 5 batches) and rooibos tea (n = 3 batches) and C and N
contents (n = 2 batches). Samples of each batch were analyzed as

duplicates
Green Tea Rooibos Tea
mean SD mean SD
Hlgg"] 0.933  0.01 0.676 0.04
Total C [%] 47.9 2.8 50.1 0.7
Total N [%] 3.9 0.2 1.1 0.1
Mineral fraction [%] <0.5 <0.1
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In addition to the determination of the hydrolysable fraction, we measured total C and N
contents of the tea material on an elemental analyzer (HEKAtech, Wegberg, Germany). We did
this in order to assess if possible deviations from the hydrolysable fraction reported in
Keuskamp et al. (2013) are due to actual differences in quality or caused by the extraction
method. While total C and N contents of the tea material are in well agreement, the
hydrolysable fraction of both green and rooibos tea was higher than reported in Keuskamp et al.
(2013) (Methods Table 2). We therefore conclude that deviations from the hydrolysable
fraction as reported previously are due to the less conservative extraction assessment in the

present study and not due to actual changes in the quality of the material.

Data Analyses

Analyses were conducted using mean values of each site by elevation zone by salinity class
combination. Relationships between single parameters and litter decomposition are often not
linear. Instead, critical thresholds seem to exist at which a certain predictor (e.g. mean annual
temperature) becomes influential (Prescott 2010). In the present study, we therefore used
classification and regression tree analysis (CRTA) to identify important predictors for k and S.
CRTA is a non-parametric procedure for the step-wise splitting of the data set with any number
of continuous or categorical predictor variables (Breiman et al. 1984, Rothwell et al. 2008), and
it has been recommended to identify thresholds and to handle large-scale decomposition data
sets (Rothwell et al. 2008, Prescott 2010). We conducted CRTA separately for k and S using
temperature, salinity class, tidal amplitude, ecosystem type, soil type, and relative elevation as
predictor variables. V-fold cross validation was set at 5 (as commonly conducted, compare
Rothwell et al. (2008)), and the minimum number for observations per child node was set at n =
4, corresponding to at least two sites or 8% of the total data set (N = 49).

Spearman rank correlations were used to test for correlations between the variables
salinity class (salt/brackish/fresh), temperature, latitude, tidal amplitude, k, and S (Table 1).
Mann-Whitney U tests were conducted to test for differences in k and S between marshes and
mangroves and between mineral and organic soil types.

We additionally tested for linear effects of temperature on k and S using simple linear
regression analyses. Two-tailed paired t-tests were used to test for effects of relative elevation
on k and S across sites. Subsequent one-tailed paired t-tests were conducted to test for the same
effect within mineral and organic systems separately. We tested for effects of eutrophication on
k and S in the data from the TIDE site (Massachusetts, US) using two-way ANOVA with
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fertilization treatment and marsh zone as predictors. Finally, we compared the initial weights of
green and rooibos tea contents across observers in order to test for potential effects on k and S
caused by differences in the initial moisture content: Mean initial weight of green tea is
not correlated with S (p > 0.8; r* = 0.001), and the mean initial weight of rooibos is not
correlated with k (p > 0.4; r* = 0.013), indicating that moisture differences in the initial
material did not affect our results. All analyses were conducted using STATISTICA 10
(StatSoft Inc., Tulsa, OK, USA).
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Synthesis

In the first part of this synthesis, | will discuss the findings of the previous five chapters in the
common context of global change effects on C turnover in tidal wetlands. In the second part, I will
present two concepts building on my findings: Concept | uses the findings of chapters 2 and 3
on plant-mediated effects on C-turnover processes to hypothesize unrecognized mechanisms
of plant invasion and their feedbacks on tidal wetland C turnover. Concept Il revisits the
surprising finding of chapter 6 that organic matter stabilization is reduced in low elevated zones
of tidal wetlands. It puts this finding into context with the results of chapter 5 and additional new
data suggesting substrate control of microbial structure and function. I will close this synthesis by
lining out future research perspectives.

Global change is a multifaceted process that is expected to affect C cycling in tidal
wetlands through increasing temperatures and atmospheric CO, concentrations, nutrient
pollution, land use changes, encroachment of invasive species, and accelerated relative sea
level rise (RSLR) with potentially strong feedbacks on ecosystem stability (Kirwan and
Megonigal 2013). In the previous chapters, | addressed the effects of invasive plant species
on CH,4 emissions (Chapter 2), effects of RSLR and warming on decomposition processes
(Chapters 3 and 6), and land use effects on C turnover and sequestration (Chapters 4 and 5).

In accordance with the central hypothesis of my thesis, which states that plant-trait
responses to global change are the main drivers of change in C turnover and GHG fluxes from
tidal wetland soils, I provide evidence for strong, if not overriding, effects of morphological

and physiological plant traits on GHG emissions and decomposition (Chapters 2 and 3).

Additionally, 1 propose a novel indirect mechanism by which plants can influence the organic
matter composition and thus the microbial community of the top soil via changes in vegetation
structure (Chapter 5).
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Effects of invasive species on GHG emissions

There is a growing body of research focusing on the impact of invasive plant species on tidal
wetland carbon sequestration and GHG emissions, particularly with respect to changes in the
balance of sequestration and methane (CH,4) emissions (Valéry et al. 2004, Emery and
Fulweiler 2014, Yuan et al. 2015; also compare Concept I).

The so far most comprehensive research on the impact of an invasive wetland species
on GHG emissions comes from the invasion of non-native Spartina alterniflora in East Chinese
coastal wetlands. Here, in situ static chamber quantification of CH, emissions (Tong et al.
2012, Yuan et al. 2015) and mesocosm experiments (Cheng et al. 2007, Zhang et al. 2010)
suggest S. alterniflora invasion increases CH, emissions in comparison to the respective native
community (dominated by Phragmites australis, Suaeda salsa, and Scirpus mariqueter).

Also Phragmites invasion in North America has been associated with increased CH,
emissions from tidal wetlands (Martin and Moseman-Valtierra 2015). However, often patterns
in plant invasion co-vary with other environmental gradients, making the attribution to
ecosystem effects to invasion difficult in observational studies. Chapter 2 presents remarkable
differences in the impact of Phragmites invasion into native shortgrass communities on CH,4
emissions in two neighboring marsh sites and in a complementary mesocosm experiment.
Although Phragmites tended to increase CH,4 emissions in all assessments, the data suggest that
the relative impact of Phragmites on CH,4 emissions is only profound in soils with innately high
rates of CH,4 production. This effect is likely attributable to Phragmites’ capacity to develop a
deep root system in anoxic soils and the effective plant-supported ventilation of soil CH, to the
atmosphere (Brix et al. 1992, Olsson et al. 2015). In contrast to the findings of previous studies
that have focused on invader-ecosystem effects on GHG emissions, | show that such invader-
ecosystem effects are site-specific. Furthermore, seasonality and changes in light availability
can cause contrasting responses of CH,; emissions from different vegetation types.
Generalizations with respect to invader-ecosystem processes should therefore be interpreted

with caution.

Sea level and warming effects on C turnover

Relative sea level rise (RSLR) is expected to alter the accumulation and cycling of organic
matter in tidal wetlands with important consequences for tidal wetland stability and ecosystem
services such as C sequestration (Kirwan and Megonigal 2013). Feedbacks between sea level

and marsh surface elevation alter the hydrological and biogeochemical conditions that control
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C inputs via plant production (Morris et al. 2002, Kirwan and Guntenspergen 2012) and C
outputs via decomposition (Kirwan et al. 2013), the two major factors controlling the rate of C
sequestration. Plant-production responses to RSLR are well understood and represented in
century-scale forecast models of soil surface elevation change. In comparison, we understand
far less about the response of decomposition to RSLR.

In this thesis, | address the effect of RSLR on decomposition processes in two studies
(Chapters 3 and 6), assessing the response of different organic matter pools. Chapter 3
is focused on the decomposition of soil organic matter (SOM), the pool that decays most
slowly and contributes the most to surface elevation change (Rybzcyk and Callaway 2009).
Chapter 6 is concerned with early stages of litter decomposition and stabilization, thereby
focusing on the processes that precede and determine the formation of SOM, respectively.
Both studies have in common that relative elevation or sea level is used as a proxy for
flooding frequency and duration, the two factors that will increase with RSLR.

A wide held assumption in wetland ecosystem ecology is that flooding, water-logging,
and consequently anaerobia leads to slow decomposition (Davidson and Janssens 2006).
However, neither of my studies suggests a significant reduction of decomposition with
increasing rates of flooding depth and duration. Specifically, chapter 3 shows that SOM
decomposition is completely insensitive to changes in flooding frequency and duration if plant-
mediated effects are excluded. In the presence of plants, SOM decomposition was not reduced
by increasing flooding, but followed the plant-biomass response to flooding. That is, SOM
decomposition was strongly correlated with aboveground biomass, which in turn was regulated
by flooding frequency and duration. This resulted in lowest SOM decomposition in the least
frequently flooded elevation and similar rates of decomposition in elevations experiencing
intermediate and high rates of flooding. Chapter 6 supports this finding by showing no
difference in the decomposition of standardized litter between high and low elevated zones
across 25 marsh and mangrove sites worldwide. More importantly, organic matter stabilization,
the process describing the biogeochemical transformation of decomposable organic matter into
stable compounds that leads to the formation of SOM (Prescott 2010), is in fact strongly
reduced in low vs. high elevated zones.

Besides addressing sea level effects, chapter 6 also provides important insights into
warming effects on decomposition processes in tidal wetlands. Although measurements were
conducted over a large temperature gradient (AT >15°C), I show that effects on decomposition

rate per se are minor and may be masked by other factors such as rhizosphere priming effects
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(Chapter 5). In contrast, organic matter stabilization is strongly influenced by temperature and
decreases by ~5% per 1°C temperature increase.

Taken together, the data of chapter 3 and 6 suggest that a RSLR-induced reduction in
decomposition with positive feedback on tidal wetland stability is an unlikely scenario. Instead,
the combined negative effects of temperature and relative sea level on organic matter
stabilization yield the potential to strongly reduce the fraction of net primary production and
other organic matter sources that are transformed to stable SOM, thus reducing the C
sequestration potential and ecosystem stability of tidal wetlands against accelerated rates of
RSLR.

Land use effects on C turnover and sequestration

Effects of land use change are central in the study of global change and of major importance for
policy agendas on GHG-emission mitigation and C-crediting programs (Guo and Gifford
2002, IPCC 2013). The salt marshes of the European Wadden Sea region are a particularly
interesting system to study land use effects for at least three reasons:

e Large parts of the extensive natural marsh area have been converted to agricultural land
during the last centuries (Esselink et al. 2009)

e In turn, the majority of the existing mainland salt marshes are artificial systems that
resulted from the conversion of tidal flat ecosystems through accretion enhancement
techniques (Hofstede 2003)

e There is ongoing debate on the management of the existing salt-marsh area, particularly
with respect to the benefits and risks of livestock grazing (Bakker et al. 2002, Esselink
et al. 2009, Wanner et al. 2014, Klink et al. 2016)

In chapter 4, | provide first data on rates of C sequestration in the artificial salt marshes of the
European Wadden Sea. Unlike the organogenic brackish marsh systems of the US Atlantic
coast that were my study sites for chapters 2 and 3, the salt marshes of the Wadden Sea are
minerogenic systems and thus may not primarily rely on slow C turnover and sequestration to
build up vertically with rising sea level (Allen 2000). Indeed, | demonstrate that large amounts
of organic C are lost down-core in these well-aerated marsh soils. Still, long-term (i.e.
potentially over centuries) and mid-term (over decades) rates of C sequestration are 1.12 -
1.49 Mg C ha yr', respectively, and thus well in range with rates reported from other blue C

systems. Importantly, my data further suggest a much greater capacity of the vegetated
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ecosystem to sequester C than the tidal flat ecosystem it was converted from. The Wadden Sea
salt marshes thereby provide a powerful man-made C sink with an estimated OC stock of 24.7
Mio. tons in the top 0.5 m of the foreland mainland marshes alone.

Livestock grazing is conducted in salt marshes worldwide (Yang et al. 2008, Gedan et
al. 2009, Di Bella et al. 2014). Particularly in Europe, large parts of the salt-marsh area are used
for livestock grazing. Here, the proportion of grazed vs. ungrazed area as well as the grazing
intensity is regulated through habitat-management directives (e.g. Esselink et al. 2009). In
chapter 5, | describe mechanisms and develop concepts by which large herbivores can affect
organic matter decomposition and ultimately C sequestration in tidal wetlands through both
direct animal-microbe and indirect animal-plant-microbe interactions. | propose a novel and
indirect form of animal-plant-microbe interaction: grazing affects aboveground vegetation
structure, which in turn determines marine organic matter trapping and thus the
microbial structure. Livestock grazing thereby increases relative fungal abundance and
therefore potentially exerts important control over C turnover and sequestration rates.
Furthermore, | provide first evidence that grazing affects functioning of the microbial
community by slowing down exo-enzyme activity and thus decomposition through changes in
soil redox chemistry. It remains unclear if this is a direct grazing effect, and indeed trampling-
driven as hypothesized in earlier studies, or if the grazing effect on redox chemistry is
plant mediated and thus also indirect. Linking to chapter 3, which illustrated the overriding
role of plant effects on C turnover in tidal wetland soils, chapter 5 is the first study to show
that top-down or consumer control of plant community composition and biomass might
exert indirect, but important control over both microbial structure and function. Taken
together, my findings on changes in microbial structure and function suggest a decelerated C
turnover under grazing. In the context of blue C, livestock grazing therefore yields the

potential to significantly increase the C value of salt-marsh area.

Concept I:  Linking nutrient availability, priming, and plant invasion
In chapters 2 and 3, | demonstrate strong plant-mediated effects on the GHG balance and C
turnover of a brackish marsh. Probably, the reported effects are simply the result of wetland
plant adaptations to cope with anoxic soil conditions.

The key adaptation of vascular wetland plants to cope with soil anoxia is the formation

of long-distance apoplastic gas-transport pathways — called aerenchyma — that enable O, supply
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to belowground tissues (Ashford and Allaway 1995, Jackson and Armstrong 1999).
Aerenchyma create a bridge between anoxic and oxic environments that supports aerobic
metabolism of plant tissues and microbes in an otherwise anoxic environment and enables the
detoxification and removal of reduced phytotoxins — predominantly sulfides — through internal
and external oxidation and ventilation of gaseous H,S to the atmosphere (Drew 1997, Lee et al.
1999, Lamers et al. 2013).

Another strong stressor on wetland plant growth is nutrient deficiency caused by the
impairment of nutrient uptake in anoxic soils (Mendelssohn et al. 1981). This effect is often
explained by energetic constraints of the root cells caused by low O, availability or the
phytotoxic impact of reduced species of sulfur, iron, and manganese (Lee et al. 1999, Steffens
et al. 2005, Lamers et al. 2013). The impairment of N uptake in anoxic soils is also thought to
be the responsible mechanism for the paradoxical phenomenon of strong N deficiency of salt
marsh plants rooting in soil environments with high porewater concentrations of dissolved
inorganic N (Mendelssohn 1979, Howes et al. 1981). However, plants with the ability to
modify their soil environment by rhizosphere oxygenation are thought to alleviate the stress of
impaired nutrient uptake (Bradley and Morris 1990, Bertness 1991) and may even induce
facilitative effects on more flooding-sensitive species (Schat 1984).

My key finding of chapter 3, that rhizosphere priming effects are the primary control of
SOM decomposition in tidal wetlands, may add another important point to this concept of plant
nutrient acquisition. Specifically, | show that the presence of roots can greatly accelerate
decomposition of SOM by priming the microbial community with energy-rich C sources or by
introducing oxygen into anoxic soil layers. Because N, P, and other nutrients are also released
in the mineralization process (Blagodatskaya and Kuzyakov 2008, Phillips et al. 2011), |
hypothesize that priming can increase the nutrient supply through enhanced mineralization of
SOM (Mozdzer et al. 2016). This concept also implies that deep-rooting plants could access a
larger nutrient pool than shallow rooting plants by mobilizing nutrients in deep SOM pools that
would remain highly inert otherwise. This conclusion may be particularly relevant in the
context of global-change induced shifts in plant species composition, such as plant invasions
(Chapter 2).

Indeed, in Mozdzer et al. (2016; not part of this thesis) I illustrate the large SOM-
priming potential of the deep-rooting invasive grass Phragmites australis, and we further
include this finding into a conceptual framework to explain the invasion success of Phragmites

and other deep-rooting invaders (e.g. Spartina alterniflora; Phalaris arundinacea; Arundo
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donax) in wetland ecosystems (Figure 1). It needs to be mentioned here, that | demonstrated the
priming effect in an artificial system with old SOM moved up to a depth where it could also be
reached by shallow roots of Phragmites.

However, a follow-up investigating by Bernal et al. (2017) could clearly demonstrate
that Phragmites induces deep-soil priming of SOM below the root zone of the native
vegetation. Thus, deep-rooting does not only increase the nutrient availability for the invasive
species, it also mobilizes the C pool that was previously sequestered deep under the native

vegetation, thereby threatening the ecosystem’s function as a long-term C sink.

E.

Elevation gain
via root growth _

Figure 1 Conceptual diagram illustrating the interpretation on how deep-rooting invasive plants gain access to nutrients
below the rooting depth of native plants. Priming of the microbial community deep within the soil profile further
increases nutrient availability, thereby increasing plant growth and facilitating invasion into the ecosystem via
competitive exclusion. Belowground growth builds soils, engineering the ecosystem to be drier and more suitable for
Phragmites than the native plant community as Phragmites invades into lower elevations. Once deep nutrients are
brought to the surface, Phragmites self-fertilizes the ecosystem resulting in a positive feedback loop of high productivity
stimulating further invasion. Source: modified after Mozdzer et al. (2016)
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Concept IlI:  Redox vs. organic matter quality effects on C turnover in tidal wetlands

Organic matter quality Redox — O, availability

marine input

pioneer zone low marsh zones high marsh

mud flat Salicarnia Spartina/Aster “Puccinellia/Atriplex  Elymus

Figure 2 Conceptual diagram of opposing gradients in organic matter quality and oxygen
availability along an intertidal flat to salt-marsh ecotone stretching over an elevational
gradient from intertidal flat to high marsh. Photos show sampling positions and typical plant
communities along the zonation of a naturally developed salt marsh at Dieksanderkoog,
German Wadden Sea (Photos: P. Mueller)

In chapter 6, | found that the stabilization of organic matter is significantly reduced in low
elevated and thus more frequently flooded zones compared to high elevated zones of tidal
wetlands worldwide. The dominant paradigm in wetland ecosystem ecology that flooding and
thus lower oxygen availability slows down organic matter turnover is obviously not supported
by this finding. However, the mechanisms explaining this unexpected response of organic
matter stabilization to relative sea level are not understood, either. | argued that differences in
the microbial community, nutrient availability, and quality of the organic material between high
and low elevated zones could be relevant factors explaining the result.

Indeed, in chapter 5 | found that the source of the organic matter has a strong effect
on the microbial structure. Specifically, the data suggest that higher contributions of
marine-derived allochthonous organic matter favor relative bacterial over fungal abundance.
In a way, this is not a particularly surprising result because marine-derived organic matter is
known to be of higher quality due to its lower C/N ratio (and minimal contents of
structural components such as lignocelluloses) compared to terrigenous organic matter, and
bacteria are known to have a higher N demand than fungi (Strickland and Rousk 2010). What
IS surprising, however, is the fact that different contributions of marine-derived organic
matter and changes in the microbial structure hardly translated into the activity of microbial
exo-enzymes (EEA). Instead, soil redox was found to be the dominant driver of EEA in chapter

5, even though the microbial structure was unaffected by redox.
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In order to reveal further insight into the relative importance of redox vs. quality effects
on EEA, the microbial structure, and consequently decomposition and C turnover in tidal
wetlands, | conducted a follow-up investigation along an entire salt-marsh zonation stretching
from intertidal flat to high marsh, assuming that redox would consistently increase and
organic matter quality consistently decrease over this zonational gradient (Figure 2). |
studied RB-glucosidase activity (GLU), a widely used indicator for the microbial C-acquisition
activity, as it correlates with the activity of enzymes that hydrolyze related groups of
compounds like cellulose and hemicellulose (Moorhead et al. 2013). The activity of the
indicator enzymes leucine-aminopeptidase (LAP) and chitinase (CHI) was studied to
assess microbial N-acquisition activity (Sinsabaugh et al. 2008, Moorhead et al. 2013). The
overall methodology followed chapter 5 with slight modifications.

| found that redox is consistently lower in the intertidal flat than in the high marsh zone;
however, redox does not consistently increase over the zonational gradient (Figure 3A).
Depending on hydrology, redox was found to be lowest in either the intertidal flat or the
Spartina and Aster dominated low marsh zones. Surprisingly, redox in the Salicornia
dominated pioneer zone is consistently high and — depending on hydrology — higher than in the
low marsh zones dominated by Spartina, Aster, Puccinellia, and Atriplex (Figure 3A, also
compare Box A). My data suggest that redox of the top soil/sediment does not necessarily
increase with relative elevation or sea level in tidal wetlands. Obviously, other factors such as
drainage properties of the soil and organic matter content can also induce strong control on soil
redox conditions.

In accordance with my initial assumption, top-soil/sediment organic matter quality — as
based on soil C/N ratios — strictly decreased over the zonational gradient from intertidal flat to
high marsh (Figure 3B). Furthermore, | demonstrate that this change in C/N is primarily driven
by the source of the organic matter. That is, C/N is strongly and negatively correlated with
organic matter 6"*C (Figure 3B), suggesting that decreasing contributions of marine-derived
organic matter cause lower organic matter quality along the gradient from intertidal flat to high

marsh.
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Figure 3 [A] Soil redox at 5 cm depth measured during low water on three sampling campaigns between Oct and
Nov 2016 along an intertidal flat to salt-marsh ecotone at Dieksanderkoog (Figure 2). Two campaigns captured
redox conditions after normal high water events and one campaign captured redox after spring tide. Redox after
spring tide is shown on the left [spring tide] and the average redox of two campaigns after normal high water is
shown on the right [normal tide]. Presented are mean values * standard errors (n = 3). [B] Organic C to total
nitrogen ratio and organic matter 8**C of the bulk-soil samples in the top soil/sediment [5 cm] along the same
intertidal flat to salt-marsh ecotone. Data points of the Spartina-dominated zone were excluded from regression
analyses due to the inherent §"°C divergence of C4 from C3 plant biomass. Presented are color coded single data
points of each zone (n = 8)
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Figure 4 [A] Exo-enzyme activity (EEA) of R-glucosidase (GLU), leucine-aminopeptidase (LAP), and chitinase
(CHI), and ratio of C vs. N acquisition activities (Sinsabaugh et al. 2008) along an intertidal flat to salt-marsh
ecotone (Figure 2). Presented are mean values * standard errors (n = 8). [B] EEA of B-glucosidase in relation to
organic C to total N ratio of bulk-soil/sediment samples, (N = 40)

128



I found that GLU strongly decreases along the gradient from intertidal flat to high
marsh, despite considerably higher soil redox in high vs. low marsh and intertidal flat (Figure
4A). In fact, the decrease in GLU over the zonational gradient is largely driven by substrate
quality (C/N) and thus by decreasing relative contributions of marine-derived organic matter to
the organic matter pool of the top soil (Figure 4B). LAP is highest in the intertidal flat and
lower in pioneer zone, low marsh, and high marsh; however, it does not consistently decline
along the zonational gradient as GLU does (Figure 4A). In contrast, CHI is generally low and
increases slightly from intertidal flat to high marsh (Figure 4A). As a result, the microbial C vs.
N acquisition activity declines consistently from intertidal flat to high marsh (Figure 4A).
Taken together, these data suggest that EEA in the top soil — as the initial rate-limiting step of
decomposition (Chapter 1, Figure 2) — can be strongly governed by organic matter quality and
source, while soil redox conditions exert little leverage.

The findings on microbial abundance and structure are in well agreement with the
results of chapter 5. That is, bacterial gene abundance is little affected by changes in redox
conditions and organic matter quality. Here I demonstrate that, in fact, bacterial abundance per
unit organic matter does not differ along the entire zonational gradient (one-way
ANOVA: p >0.1; Figure 5A).
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Figure 5 [A] Bacterial and fungal gene abundance along a zonational gradient from intertidal flat to high marsh
(Figure 2). Presented are mean values * standard errors, n = 8. [B] Fungi-to-bacteria gene copy ratio in relation to
organic matter "°C of bulk-soil/sediment samples. Solid line shows overall fit of an exponential function (N =
32), dashed line shows exponential fit for low and high marsh data points only (N = 16). Data points of the
Spartina-dominated zone were excluded from regression analyses due to the inherent 5'3C divergence of C4 from
C3 plant biomass
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In contrast, fungal abundance increased from intertidal flat and pioneer zone to Spartina
and Puccinellia dominated low marsh and even stronger from low to high marsh (1-way
ANOVA: p < 0.001; Figure 5A). Thus, also the fungi-to-bacteria ratio (F/B) increases
significantly along the zonational gradient (1-way ANOVA: p < 0.001, data not shown);
although it needs to be noted here that F/B is extremely low compared to the previous findings
(Chapter 5). In accordance with the findings of chapter 5, organic matter ¢*3C is a strong
predictor for F/B suggesting that the relative contributions of marine- vs. terrestrial-derived
organic matter may be an important factor shaping the microbial structure in salt marsh soils
(Figure 5B). In contrast to chapter 5, however, the present assessment cannot clearly separate
quality from redox effects on relative and absolute fungal abundance, as both decreasing
quality and changes in redox over the zonational gradient could have favored fungal growth
(see discussed in Chapter 5). Despite differences in redox conditions that should have been
large enough to induce changes in microbial activity and decomposition rate (Yu and Patrick
2003, Yu et al. 2007), my present findings suggest that organic matter quality (as driven by its
source) exerts the primary control over EEA in this intertidal flat to salt-marsh ecotone.
Specifically, microbial communities in the lower and more frequently flooded zones seem to
be less N limited than those of the high marsh, as evident by the strong decline in C-
vs. N-acquisition activity over the zonational gradient (Figure 4A). This effect could
also have contributed to the unexpected finding that the stabilization of organic material
is generally lower in low elevated than in high elevated zones of tidal wetlands worldwide
(Chapter 6). However, greater microbial nutrient availability and accelerated C turnover in
more flooded environments does not necessarily depend on high quality organic matter
inputs, as also inorganic nutrient supply can greatly increase decomposition and EEA in

marsh and mangrove systems (Deegan et al. 2012, Keuskamp et al. 2015).

Future research perspectives

My work presented in chapter 3 is one of the first to invoke the importance of rhizosphere
priming effects in non-terrestrial systems. | show that SOM decomposition and the plant-
mediated increase in SOM decomposition (priming effect) scale positively with aboveground
biomass. Both substrate-induced and O,-driven priming can be expected to scale positively
with aboveground biomass (Megonigal et al. 2004, Dijkstra et al. 2006, Jones et al. 2009, Lai et

al. 2012). However, while plant-driven rhizosphere oxygenation as a control of decomposition
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is a relatively well established concept in wetland biogeochemistry (Brix 1994, Wolf et al.
2007), little is known about substrate-induced priming in aquatic, marine, and tidal wetland
systems (Guenet et al. 2010). Yet, some of the results in chapter 3 suggest that rhizosphere
oxygenation through ROL is not the sole mechanism driving the observed increase in SOM
decomposition because SOM-derived CO; flux and priming were not related to soil redox
conditions. However, the mechanism by which these plant-mediated increases in SOM
decomposition are induced still remains unclear. Future studies should therefore address this
knowledge gap. This would include spatial and temporal assessments of O, in the rhizosphere
(compare Chapter 1, Figure 4) in combination with C-isotope based C-flux partitioning.
Furthermore, we need to understand the role of rhizodeposits and primarily root exudates in
tidal-wetland biogeochemistry by quantifying exudation rates, identifying the exuded
substances (Pan et al. 2011, Wu et al. 2011, Zhai et al. 2013), and linking this to changes in
rhizosphere C and nutrient fluxes. Another promising technique to capture the interaction of
ROL and root exudation with rhizosphere C and nutrient fluxes is the mapping of microbial
exo-enzymes using “zymography” as demonstrated in terrestrial study systems (Spohn and
Kuzyakov 2013, 2014, Sanaullah et al. 2016). This technique allows measuring the
distribution and activity of exo-enzymes in rhizospheres using specific fluorogenically
labeled substrate molecules (German et al. 2011, also compare Chapter 5 and Concept II)
coated on nylon membranes that incubate on exposed rhizospheres. However, comparable
mapping approaches of exo-enzyme distributions have not been conducted in a wetland
setting or under waterlogged, anoxic soil conditions, presumably posing some additional
methodological challenges to the approach.

Chapter 5 and the data presented in concept Il illustrate the strong influence of
allochthonous organic matter inputs on both microbial community structure and function. It is
therefore reasonable to assume that high quality allochthonous organic matter is also capable to
stimulate the decomposition of more recalcitrant autochthonous organic matter in tidal
wetlands. In fact, recent studies demonstrated priming of terrestrial-derived organic matter
by fresh marine or riverine organic matter in the aquatic system (Guenet et al. 2014,
Bianchi et al. 2015, Ward et al. 2016). Even though the importance of allochthonous organic
matter as microbial C source in tidal wetlands has long been demonstrated (Boschker et al.
1999), effects of allochthonous organic matter inputs on rhizosphere biogeochemical processes
and the microbial ecology of tidal wetland systems remain poorly understood (Bouillon et al.

2004). Particularly with regard to global warming, SLR, changes in inundation frequency,
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sediment load, and allochthonous and autochthonous primary production (Boyce et al.
2010,Kirwan and Megonigal 2013, Baldwin et al. 2014), future research should address
potential impacts of changes in organic source on tidal-wetland biogeochemistry and the

potential “allochthonous priming effect”.
The majority of studies on C turnover in tidal wetlands, including most of which that

has been presented in this thesis, is focused on processes occurring in the top soil or the
rhizosphere. Considering the higher decomposability of the organic material and the numerous
feedbacks between plants, soil fauna, and soil C cycling, the C pool of the rhizosphere
is probably the most responsive to global change factors (Kirwan and Megonigal 2013, Wilson
et al. 2016). However, the by far largest C pool of tidal wetlands is the one stored in the
often several meters deep soils and sediments below the rhizosphere of the current
vegetation (Mcleod et al. 2011). Little is known about the stability and the response of this
deep C stock to global change (Bernal et al. 2016, 2017). An improved understanding of the
response of this vast C stock to global-change factors, such as changes in the availability
of terminal electron acceptors (i.e. through SLR induced salt water intrusion, or increasing
nitrate concentrations through eutrophication) and global warming is therefore critical to

predict the stability of tidal wetlands and their role in climate change mitigation.
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Summary

Tidal wetlands, such as tidal marshes and mangroves, are global hotspots for carbon
sequestration. The preservation of organic matter is a critical process by which tidal wetlands
exert their strong influence over the global carbon cycle and at the same time gain elevation to
keep pace with sea level rise. This thesis addresses the effects of numerous global change
factors (sea level rise, warming, land use change, biological invasions) on organic matter
turnover processes in tidal wetlands, aiming to assess their role in the carbon sequestration
potential of these ecosystems. Besides studying direct effects of different factors on
decomposition and turnover processes, this work is particularly focused on plant mediated and
thus indirect effects. The thesis is structured in 7 chapters, including a general introduction to
the topic (Chapter 1), five manuscripts as the main part (Chapters 2-6), and a synthesis
discussing the links between the single chapters, their implications, and resulting future
research perspectives (Chapter 7).

Chapter 2 assesses the potential of a deep rooting and highly productive invasive plant
species — Phragmites australis — to change methane emissions from North American brackish
marshes, and it discusses implications on the net greenhouse-gas balance of these ecosystems.
The results show that the invader-ecosystem effect is both seasonally and spatially highly
variable, and that the relative impact of Phragmites on methane emissions is particularly strong
in soils with innately high rates of methane production. This effect is likely attributable to
Phragmites’ capacity to develop a deep root system in anoxic soils and the effective plant-
supported ventilation of soil methane to the atmosphere.

Chapter 3 presents findings on direct and plant-mediated effects of accelerated sea
level rise on soil organic matter decomposition. The findings suggest that soil organic matter
decomposition in tidal marshes is not directly driven by relative sea level and its effect on
oxygen diffusion through soil, but indirectly by plant responses to relative sea level and
resulting changes in the rhizosphere priming effect.

Chapter 4 describes the carbon-sequestration potential of artificial salt marshes along
the German mainland coast, and illustrates the importance to track soil carbon turnover over
decades in order to avoid overestimation of long-term carbon sequestration. Large amounts of
previously fixed carbon are lost with age and depth in the well-aerated marsh soils of the
Wadden Sea region. Still, rates of carbon sequestration are well in range with rates reported
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from other blue carbon systems, illustrating that the Wadden Sea salt marshes represent a
powerful man-made carbon sink

Chapter 5 focuses on land use effects on carbon turnover by describing the direct and
plant-mediated effects of livestock grazing on the microbial function and structure in salt marsh
soils. It is shown that livestock grazing can have strong effects on the microbial structure and
function of salt marsh soils by increasing the relative fungal abundance and decreasing exo-
enzyme activities. Thus, livestock grazing potentially exerts important control over tidal
wetland carbon turnover.

Chapter 6 presents the results of a global scale comparison of litter decomposition and
stabilization rates in 25 marsh and mangrove sites, stretching a large temperature gradient, in
order to improve our process understanding of temperature and sea level effects on carbon
turnover. The findings suggest that rising temperatures and increasing flooding in the course of
accelerated sea level rise may strongly decrease organic matter stabilization in tidal wetlands,
thereby reducing both the carbon-sequestration potential and ecosystem stability against sea

level rise.

Zusammenfassung

Tidebeinflusste Feuchtgebiete (TFs) wie Marschen und Mangroven sind globale Hotspots der
Kohlenstofffestlegung. Der langsame Abbau und damit die Erhaltung organischen Materials in
den Boden dieser Okosysteme ist dabei ein entscheidender Prozess fir diese
Okosystemleistung. Gleichzeitig ermdglicht dieser Prozess es TFs, Bodenvolumen
zu generieren und so dem Meeresspiegelanstieg schrittzuhalten. Die vorliegende Arbeit setzt
sich mit dem Einfluss unterschiedlicher Faktoren des Globalen Wandels auf Abbau-
und Umsatzprozesse organischen Materials in TFs auseinander, um Ruickschlisse auf
deren Bedeutung fiir das Potenzial zur Kohlenstofffestlegung dieser Okosysteme ziehen zu
koénnen.  Neben der Erfassung direkter Effekte verschiedener globaler
Umweltverdnderungen (Meeresspiegelanstieg, Erwarmung, Landnutzungsanderung,
biologische Invasionen) auf Abbau- und Umsatzprozesse organischen Materials stehen
primar pflanzenvermittelte und dadurch indirekte Effekte im Fokus dieser Arbeit. Die
Arbeit ist in 7 Kapitel gegliedert, einschlielflich einer generellen Einleitung in das Thema
(Kapitel 1), funf Manuskripte (Kapitel 2-6) sowie einer Synthese, welche den
Zusammenhang der Kapitel darstellt und diskutiert, Implikationen ableitet und zukinftige
Forschungsperspektiven aufzeigt.
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Kapitel 2 untersucht das Potenzial einer tiefwurzelnden und hochproduktiven invasiven
Pflanze, Phragmites australis, Methanemissionen in Nordamerikanischen
Brackwassermarschen zu Dbeeinflussen und es diskutiert Implikationen fir die
Treibhausgasbilanz dieser Okosysteme. Die Ergebnisse zeigen, dass der Einfluss von
Phragmites auf Methanemissionen saisonal und raumlich stark variiert und dass eine relative
Steigerung der Methanemissionen durch Phragmites vor allem in Béden mit immanent hoher
Methanproduktion auftritt. Dieser Effekt wird Phragmites® tiefreichendem Wurzelsystem und
der effektiven pflanzenvermittelten Ventilation von bodenstammendem Methan an die
Atmosphére zugeordnet.

Kapitel 3 présentiert Ergebnisse einer Studie zu direkten wund indirekten,
pflanzenvermittelten Effekten des beschleunigten Meeresspiegelanstiegs auf den Abbau
organischer Bodensubstanz (OBS). Die Ergebnisse zeigen, dass der OBS-Abbau in Marschen
nicht direkt durch den relativen Meeresspiegel und dessen Einfluss auf die Sauerstoffdiffusion
in den Boden beeinflusst wird. Stattdessen ist der Effekt des relativen Meeresspiegels auf die
pflanzliche Produktion und dadurch bedingte Veranderungen im pflanzenstimulierten OBS-
Abbau (Priming Effekt) malgeblich. Zusammenfassend legt diese Studie einen geringen
Einfluss des beschleunigten Meeresspiegelanstiegs auf den OBS-Abbau nahe.

Kapitel 4 beschreibt das Potenzial der Salzmarschen des Europdischen Wattenmeers zur
Kohlenstofffestlegung und verdeutlicht die Notwendigkeit, den Kohlenstoffumsatz langerer
Zeitraume (in diesem Fall Jahrzehnte) zu beriicksichtigen, um deutliche Uberschatzungen in
der Kohlenstofffestlegungsrate zu vermeiden. Obwohl ein Grofteil des organischem
Kohlenstoffs in den gut durchlifteten Bdden der Wattenmeer Salzmarschen mit der Tiefe
verloren geht, sind die hier bestimmten Festlegungsraten im Bereich der aktuell publizierten
Werte fir Mangroven und Salzmarschen. Somit stellen die anthropogen erschaffenen
Salzmarschen des Wattenmeers eine leistungsfahige Kohlenstoffsenke dar.

Kapitel 5 behandelt Landnutzungseffekte auf den Kohlenstoffumsatz in Wattenmeer
Salzmarschen, indem direkte und pflanzenvermittelte Effekte von Beweidung durch Nutztiere
auf die mikrobielle Funktion und Struktur im Oberboden dargestellt werden. Es wird gezeigt,
dass Beweidung die relative Abundanz von Pilzen gegeniber Bakterien erhéht und gleichzeitig
die Aktivitdt mikrobieller Exo-Enzyme im Boden reduziert. Dadurch kann die Beweidung
durch Nutztiere potenziell die Kapazitat zur Kohlenstofffestlegung von Marschflachen steigern.

Kapitel 6 préasentiert die Ergebnisse eines weltweiten Vergleichs von Abbauraten und

Stabilisierung von frischem und standardisiertem organischen Material in 25 Marsch- und
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Mangrovenflachen, um unser Verstdndnis Uber Temperatur- und Meeresspiegeleffekte auf
Kohlenstoffumsatz-Prozesse in TFs zu verbessern. Die Ergebnisse zeigen, dass steigende
Temperaturen und beschleunigter Meeresspiegelanstieg die Stabilisierung organischen
Materials stark reduzieren konnen. Dadurch kann sowohl das Potenzial zur
Kohlenstofffestlegung als auch die Okosystemstabilitit gegentiber dem beschleunigten

Meeresspiegelanstieg von TFs herabgesetzt werden.

Key Findings (Chapters 2-6)

- Plant-supported ventilation of methane to the atmosphere by Phragmites australis has
the potential to considerably increase methane emissions from tidal marshes. Yet,
generalizations with respect to such invader-ecosystem effects should be interpreted
with caution because they are highly site-specific and show large seasonal variability.

- Soil organic matter decomposition in tidal marshes is not directly driven by relative sea
level and its effect on oxygen diffusion through soil, but indirectly by plant responses to
relative sea level and resulting changes in the rhizosphere priming effect.

- Large amounts of previously fixed carbon are lost with age and depth in the well-
aerated marsh soils of the Wadden Sea region. Still, long-term carbon sequestration
rates are well in range with rates reported from other blue carbon systems.

- Livestock grazing has strong effects on the microbial structure and function of salt
marsh soils by increasing the relative fungal abundance and decreasing exo-enzyme
activities. Thus, livestock grazing potentially exerts important control over tidal
wetland carbon turnover.

- Rising temperatures and increasing flooding in the course of accelerated sea level rise

may strongly decrease organic matter stabilization in tidal wetlands, thereby reducing
both the carbon sequestration potential and ecosystem stability against sea level rise.
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